Studies on Phosphorus Dynamics in
Agricultural Drainage Ditches and
Aquaculture Ponds

2016, September

Nguyen Van Huy

Graduate School of Environmental and Life Science
(Doctor’s Course)
OKAYAMA UNIVERSITY

Supervisor: Prof. Dr. Morihiro Maeda
Co-supervisor: Prof. Dr. Yoko Oki
Co-supervisor: Prof. Dr. Hidetaka Chikamori

Nguyen Van Huy, 2016. Studies on Phosphorus Dynamics in Agricultural
Drainage Ditches and Aquaculture Ponds.
PhD Thesis, Okayama University, Japan.

List of articles
(1) Huy Van NGUYEN, Morihiro MAEDA. Nutrient Mass Balances in Intensive Shrimp
Ponds with a Sludge Removal Regime: A Case Study in the Tam Giang Lagoon,
Central Vietnam. Journal of Agricultural Science and Technology A and B & Hue
University Journal of Science, Vol. 5, pp. 539-548, (2015). doi: 10.17265/21616256/2015.12.013.
(2) Huy Van NGUYEN, Teppei YODEN, Morihiro MAEDA. Phosphorus Flux across the
Sediment-Water Interface in a Drainage Ditch Receiving Water from Livestock
Farms in Kasaoka, Japan. Journal of Water Environment and Technology, Vol.14,
No. 3, pp.191-199, (2016). doi: 10.2965/jwet.15-057.
(3) Huy Van NGUYEN, Morihiro MAEDA. Removal of Phosphorus from Water by Using
Volcanic Ash Soil: Batch and Column Experiments. Water Science and Technology,
Vol. 73, No. 12 (in press) doi: 10.2166/wst.2016.297.
(4) Huy Van NGUYEN, Morihiro MAEDA. Effects of pH and Oxygen on Phosphorus
Release from Agricultural Drainage Ditch Sediment in Reclaimed Land, Kasaoka
Bay, Japan., accepted. Journal of Water Environment and Technology, Vol. 14, No.
4, pp. 228-235 (2016). doi: 10.2965/jwet.15-027
(5) Huy Van NGUYEN, Morihiro MAEDA. Phosphorus Sorption Kinetics and Sorption
Capacity in Agriculture Drainage Ditch Sediments in Reclaimed Land, Kasaoka Bay,
Japan. Water Quality Research Journal of Canada, Vol. 51, No. 2 (2016).
doi: 10.2166/wqrjc.2016.019

i

Abstract
Agricultural farms are considered to be non-point sources of phosphorus (P) to the
surrounding waters. Many researchers have studied whether sediment acts as a source
or sink of P (Wang et al., 2003, Jin et al., 2005). Factors influencing the P exchange
between sediment and water need to be determined in agricultural drainage ditches for
the assessment and control of eutrophication. So far, several studies demonstrated the
roles of sediments in controlling water P in agricultural drainage ditches (Nguyen and
Sukias, 2002, Vaughan et al., 2007, Withers and Hodgkinson, 2009). These studies
mainly focused on effects of farming practices, or temporal and spatial variations of P
within the ditches. Exchanges of P between sediment and water are regulated by pH
and dissolved oxygen (DO) levels (Hupfer and Lewandowski, 2008; Gao, 2012). Little is
known about P dynamics in agricultural drainage ditches and aquacultural ponds. The
lack of knowledge of the P dynamics is an obstacle for the best management practices.
The objectives of this thesis are to determine: (i) P exchanges between sediment and
water under different pH levels and DO concentrations, (ii) P balance in an aquaculture
system, (iii) P remove efficiency from water. Results showed that: kinetic sorption of P
onto sediment was fitted well with the pseudo-second-order equation. Because high
concentrations of P were discharged from agricultural farms, sediment acted as a sink
of P in drainage ditch water. pH and DO affected the amount of P released from
sediment into the overlying water. DO is the most important factors regulating P fluxes
across the sediment-water interface. While shrimp feed was the main input source,
sediment is an important sink of P in intensive shrimp ponds. Volcanic ash soil has a
high potential in removing P from water. This thesis contributes to the explanation of the
P dynamics between sediment and water in aquatic ecosystems. These results can be
used to develop environmental management strategies in rural areas.
Keywords: Agricultural drainage ditches, aquacultural pond, dynamics, DO, pH,
phosphorus, release, removal, sediment, and sorption.
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Chapter 1

Chapter 1
General introduction
1.1 Global phosphorus
Phosphorus (P) (atomic weight 30.974) is one of the most abundant elements in the
lithosphere, and its concentration in the earth’s crust is reported to be approximately
0.1% (Reddy and Delaune, 2008). Phosphorus has been recognized as the most critical
nutrient limiting for plant and animal production. Phosphorus is related to the issues of
global change in two ways: the approximately 1,000 million tonnes of P that have been
mined and added to the environment over the past 150 years are part of environmental
change on a global scale, and global climate and land use changes affect how P is
being moved and used in the environment (Bu¨nemann et al., 2011). Human activities
are closely connected with an aquatic environment. In the natural environmental, P is
supplied through the weathering and dissolution of rocks and minerals with very low
solubility.
Globally consumers sharing show that China, India, and European countries are the
main consumers of P for agriculture production. There has been a steadily global
increase in P consumption. Owning to the population growth, changing towards meatrich diets, and growing demand for bioenergy crops, the consumption of P will increase
in the future (Cordell et al., 2009).
Tirado and Allsopp (2012) indicated that large amount of P is lost to the environment,
which are mainly from arable land and livestock production subsystems. Arable land was
due to inefficient farm-management with 8 million tonnes (Mt), corresponding to 33 %
lost by erosion. Nearly half (7 Mt) of P input into livestock production was lost to the
environment. Although P losses by human is not large (2.7 Mt), but up to 90% P input
was lost to the environment.
The eutrophication is often associated with concentration of P in water (House, 2003).
Phosphorus discharge from anthropogenic sources is a crucial factor for eutrophication
of many aquatic systems worldwide. In most areas, agricultural activities are believed to
account for the majority of the P discharge (Smith et al., 2005). Tirado and Allsopp
1
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(2012) reported that agriculture is by large the main user of P globally, accounting for
between 80-90% of the total world demand. Soil/sediment P occurs in inorganic and
organic forms. Forms of P in the mineral phase, the physicochemical processes of
sorption and desorption, and their effects on P cycling and availability are well known
and predictable. Organic P forms are less well characterized and the biological
processes affect P dynamics to varying and often unknown degrees.
Typically, P is added in various forms to the environment. These include fertilizers,
nonhazardous wastes (animal manures and biosolids), and nutrient-enriched waters
(Reddy and Delaune, 2008). Phosphorus inputs can also increase the biological
productivity of surface waters by accelerating eutrophication. Eutrophication has been
identified as the main cause of impaired surface water quality. Associated periodic
surface blooms of cyanobacteria (blue-green algae) occur in drinking water supplies and
may pose a hazard to animal and human health (Sharpley et al., 1999). It is a significant
ecological and environmental concerns.
1.2 Agricultural drainage ditches (ADD) in Kasaoka Bay
Kasaoka Bay is located in southwestern Okayama Prefecture (34o28’59’’ N, 133o29’30”
E). Agricultural drainage ditches serve as P transport pathways from fields to surface
waters (Vaughan et al., 2007). Knowledge of ditch materials, the spatial variation and
distribution of ditch soil P, is critical to effective ditch nutrient management strategies.
This area has the main component of water transfer networks, which redistributes water
within farmlands and links fields with receiving aquatic systems. The area in the
northwest part is divided into three sectors: 176 ha of livestock, 99 ha of crop field, and
132 ha of grasslands. The annual precipitation and temperature of the study area from
2000 to 2014 is 1,008 mm and 15.4oC, respectively, which was obtained from the
Automated

Meteolorogical

Data

Acquisition

System

(AMeDAS).

(http://www.jma.go.jp/en/amedas/). Our surveys since 2008 showed that drainage ditch
waters are contaminated with high levels of nitrogen and P. Algae blooms have
sometimes occurred in the drainage ditches and downstream of the reclaimed land in
Kasaoka Bay. More recently, eutrophication tends to occur often because the
concentration of PO4-P in water of drainage ditches is 0.3–1.37 mg L-1.
1.3 Nutrient used in intensive shrimp production
2
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Funge-Smith and Briggs (1998) reported that the majority source of the nutrient input in
the pond (more than 90%) was from commercial pelleted feed. Similarly, in a similar
study showed nitrogen mass balance from intensive shrimp farm in Australia that 90% of
nitrogen input was from shrimp feed (Jackson et al., 2003). Shrimp harvest uptake about
30% of nitrogen and less than 20% of P from the input sources. Approximately 457 kg
nitrogen and 57 kg P lost to the environment when a hectare of intensive shrimp pond
was operated (Mariscal-Lagarda and Páez-Osuna, 2014).
Tam Giang Lagoon, located in Central Vietnam, is the largest lagoon in Southeast Asia
with a total surface area of 22,000 ha (Frignani et al., 2007). Aquaculture in the lagoon
has been developed since the 1970s, and shrimp culture began in the early 1990s. It
quickly became a very important economic sector at the end of the 1990s and early
2000s. The C.P. Group, belonging to the Charoen Pokphand Group of Thailand, has
invested in L. vannamei shrimp farming on sandy land located in the north part of the
lagoon. The shrimp farm has an area of 180 ha in total for industrial shrimp production.
Shrimp were fed with 40% crude protein commercial diet of C.P. Shrimp Feed. Our
surveys from 2012 on water quality showed that nitrogen and P in water discharge were
relatively high.
1.4 Phosphorus forms and mechanisms in water and sediment
The movement of inorganic P in the environment is generally regulated by adsorption or
release, and binding with other minerals (precipitation).
1.4.1 Phosphorus adsorption mechanisms
Adsorption refers to the movement of soluble inorganic P from soil/sediment pore water
to soil mineral surfaces, where it accumulates without penetrating the structure.
Phosphorus adsorption capacity of the soil/sediment increases with clay content or
minerals (Fe, Al, Ca). When the high concentration of P is loaded to aquatic system, P
would accumulate in the sediments. This can be described in term of regulating factors
in order to equilibrium between sediment and overlying water. Physical adsorption refers
to the adherence of P onto surface tension of an adsorbent that causes molecules to be
held on the surface of the solid. Chemical adsorption (not reversible) involves P bonding
with minerals bonding at the solid’s surface (Reddy and Delaune, 2008). Physical
adsorption usually occurs at the first stage when solid and water contacts each other.
3
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Maximum adsorption of sediment increases with high contents of minerals in sediment
due to precipitation process between minerals and P. Determination of maximum P
sorption capacity (Qmax) is thus essential for predicting the long-term sustainability of
sediments in assimilating additional P (Lai and Lam, 2009).
1.4.2 Phosphorus release mechanisms
The speciation of P ions in solution is dependent on pH. Under acidic conditions, the
dominant phosphate species is orthophosphoric (H3PO4), which is a weak acid,
colorless, and freely soluble in water. The dominant species under alkaline conditions is
PO43-. Under most natural conditions, dominant P species are H2PO2-4 and HPO-4
(Reddy and Delaune, 2008). Phosphorus occurs naturally in sediment in both inorganic
and organic forms: the organic form of P, is non-reactive form, is a major component in
sediment. Sharpley et al. (1999) suggested that organic P in the environment is
relatively labile phospholipids, nucleic acids, inositols, and fulvic humic acids. Five
sedimentary P reservoirs were separately quantified: loosely-sorbed P (loosely-P), ironbound P (Fe-P), aluminum-bound bound P (Al-P) calcium-bound P (Ca-P), and residual
P (organic and refractory P) (Fytianos and Kotzakioti, 2005). Loosely-P fraction is often
termed labile (desorbed, hydrolyzed) loosely bound or adsorbed P. It gives an estimate
of the immediately available P. Iron-bound P is the reductant soluble P forms are
extracted. It represents the redox-sensitive P fraction, which is considered a potentially
mobile pool of P (Rydin, 2000). Reactive Al-P represents P adsorbed to metal oxides
(Al2O3) and other surfaces, exchangeable against OH− and P compounds soluble in
bases. In contrast to Fe-P, Ca-P fraction, which represents the P fraction sensitive to low
pH, seemed to be stable in sediment (Gonsiorczyk et al., 1998, Kaiserli et al., 2002,
Wang et al., 2006). Depending upon environmental conditions, partial release of these
phosphates may occur (Rydin, 2000). However, not all the forms of P are likely to be
released from the sediment to increase eutrophication. The results indicate that
inorganic form of P is the most important P speciation. The ability of P is being adsorbed
onto or released from sediment are mainly dependent on a certain environmental
conditions. The form of P that release from sediment is also dependent on pH and
dissolved oxygen (DO) conditions. Phosphorus release may have a significant impact on
water quality and may result in continuing eutrophication.
4
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Fig 1.1 Distribution of P under different pH (Reddy and Delaune, 2008).
The sediment plays an important role in the overall nutrient dynamics of aquatic systems.
Phosphorus availability is regarded as the most important factor for determining the
water quality. Thus, to assess the risk of eutrophication in aquatic systems, it is
necessary to know not only the total P content in the sediment (Chotpantarat et al.) but
also the contents of different P fractions. Chemical sequential extractions have been
widely used in order to describe the many different forms in which P occurs in the
sediment.
Phosphorus equilibrium between sediment and water is of importance for transport and
temporary retention of P in drainage ditch systems. The dynamics of between sediment
and water is to determine whether sediment act as a source or sink of P. Understanding
of P dynamics in aquatic systems is essential for environmental management. Higher
intensification in agricultural production results in higher P contamination in effluents.
Agriculture activities in Kasaoka Bay, reclaimed land, Japan and intensive shrimp farm
in Vietnam are representative for modern agricultural production. However, little of
information of P dynamics in these systems has not interpreted. Knowledge of P
sorption performance, the forms of P releases, P fluxes across sediment-water interface,
its transformation throughout the system are not well understood.
1.5 Aims of the thesis
The general objectives of this thesis are to determine: (i) P exchanges between
sediment and water under effects of pH levels and DO concentrations, (ii) P transport
5
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through aquaculture system, (iii) P remove efficiency from water. The following
experiments were conducted to analyze P dynamics the sediment-water system:
 Determining (1) sediment reaction with P in water, (2) P sorption kinetics, and (3)
the potential P sorption capacity of sediment (Chapter 2).
 Evaluating the effects of pH and aerobic/anaerobic conditions on P release from
sediment before and after incubation (Chapter 3).
 Evaluating the effects of DO concentration on P flux across the sediment-water
interface using intact sediment cores (Chapter 4).
 Calculating P mass balances in intensive shrimp ponds (Chapter 5).
 Examining the potential of volcanic ash soil in removing P from water (Chapter 6).
1.6 Outline of the thesis
To obtain the above objectives, the outline of the thesis was designed as Fig. 1.4.

Fig. 1.2 The diagram of the dissertation structure.
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Chapter 1 introduced the importance of P in water and sediment and reasons for the
present study areas were chosen. This Chapter also summarized the consumption of P
globally and the losses of P to the environment. The roles of P for agriculture production,
living organisms, and the link of P and environment are discussed. In addition, forms of
P, mechanisms of P in water and sediment are also reviewed.
Chapter 2 investigated how the sediments react with high loading of P from intensive
agricultural systems. Moreover, P sorption capacity and sorption kinetics of drainage
ditch sediments were examined. Phosphorus transformation in aquatic systems is
relatively complex because of its present forms under changing environmental
conditions. This is fundamental information for the further studies, especially information
of water and sediment quality. Phosphorus concentration of water in drainage ditches
exceeded eutrophication threshold.
Chapter 3 evaluated the effects of DO and pH on potential release of P from sediment
to the overlying water by the changes of P fractions before and after incubation. Two DO
levels reflect the field conditions and three pH levels is representative for acidic, neutral,
and alkaline conditions. Their combination effects of DO and pH were performed in
laboratory by loading fresh sediment of drainage ditch into a 200-mL glass serum bottles.
The P fractionations were extracted by using extraction scheme to find the forms of P
were released into the overlying water under different conditions.
Field surveys showed that the change of DO concentration of ADD is very complex.
Hupfer and Lewandowski (2008), Gao (2012) demonstrated that DO is the most
important factors in controlling P in water. Phosphorus fluxes across sediment-water
interface by using intact sediment cores in the field and laboratory were measured in this
chapter (Chapter 4). The diffusive flux of P in the field was measured by using Fick’s
first law equation based on the gradient P concentration in pore water. The fluxes of P in
laboratory under aerobic and anaerobic conditions were calculated by incubating intact
sediment cores and field water for 21 days.
Knowledge of nutrient mass balance is essential for understanding the link between
environmental quality and production. Chapter 5 calculated mass balance of nutrients in
intensive shrimp ponds using sludge removal regime. This experiment was conducted to
determine the sources sink of nutrient in the system. In addition, the environmental
7
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losses of nutrient was also calculated and compared to other works.
Chapter 6 examined the efficiency of P removal from water using a low-cost adsorbent
and the simplest techniques. Volcanic ash soil (VAS) was used as a media for batch and
column experiments to remove P from water. Results were discussed by evaluating and
comparing with other adsorbents.
Chapter 7 summarized the main findings of the dissertation and conclusions. The roles
of pH and oxygen on P dynamics, implementation for management strategies, and
implications for further studies are discussed.
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in Agricultural Drainage Ditch (ADD) Sediments
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Abstract
Equilibrium analysis is essential to evaluate sorption capacity and to determine how
sediment reacts with P in water. Sorption is a significant process in drainage ditches for
diminishing the P loading downstream. This study was carried out to determine whether
the sediment in drainage ditches acts as a source or sink of P, evaluate P sorption
kinetics, and determine the potential P sorption capacity by using the Langmuir isotherm
sorption model. Surface sediment (0–10 cm) and overlying water were collected from
three drainage ditches for the experiments. Results showed that the drainage ditch that
was the most contaminated with P had the highest sediment zero-equilibrium P
concentration (EPC0). Because sediment EPC0 of the three ditches was higher than
water P concentrations, they acted as a sink for P across the sediment interface. The
kinetic sorption of sediments consisted of two stages that were quick and slow,
regardless of the sampling sites. The amounts of P sorbed to sediments at equilibrium
(Qe) ranged from 50.8 to 77.5 mg kg-1. Phosphorus sorption capacity (Qmax) of
sediments ranged from 447.0–493.8 mg kg-1 with the constant related to binding energy
(K) (0.140-0.171 L mg-1). The results from this study indicate the importance of ditch
sediment in controlling P dynamics in discharge from agricultural farms.
Key words: agricultural drainage ditches, phosphorus, sediment, sorption, sorption
capacity
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2.1 Introduction
Phosphorus is one of the most limiting nutrients contributing to eutrophication of both
fresh and estuarine surface waters (Reddy and Delaune, 2008, Wang et al., 2008). The
eutrophication is often associated with concentration of P in water (House, 2003).
Agricultural farms are considered to be non-point sources of nutrient loads to rivers and
lakes, and drainage ditches are pathways of nutrient loads between farmland and
recipient aquatic systems (Smith et al., 2005, Vaughan et al., 2007, Luo et al., 2009,
Kröger and Moore, 2011). Better water quality can be maintained by reducing the
external P inputs (Sharpley et al., 2014). Drainage ditch sediments have capacity to be a
sink of P by sorption, and hence potential eutrophication of streams is partially governed
by drainage ditch sediments (Nguyen and Sukias, 2002).
Whether the sediment acts as a source or sink of P can be determined by measuring the
EPC0 in sorption experiments of ambient P concentrations (Smith et al., 2005). If the
sediment has an EPC0 value higher than water P concentrations, it acts as a source of P.
Conversely, sediment is a sink of P when the EPC0 is lower than the overlying water P
concentration (Wang et al., 2009b). The P equilibrium between sediment and water,
functions in the sorption/desorption of P in these drainage systems (Smith et al., 2005).
In addition, EPC0 has been used as an indicator to assess eutrophication status (House
and Denison, 2000), because determination of EPC0 will provide a relative assessment
of the sediment's ability to supply P to the water column (McDowell, 2015). Under certain
environmental conditions, high EPC0 values resulted from deposition of particulates
combined with P from external loadings (Jarvie et al., 2005). House and Denison (2000)
demonstrated that many factors affected the determination of EPC 0, such as the
presence of ions and manganese under oxic state of sediment, calcium concentration in
solution as a result of precipitation process between calcium and P. Moreover, sediment
has a buffering capacity, defined as the resistance of the concentration of the
soil/sediment solution to change when phosphate is added to or removed from the labile
pool (Holford, 1976). Thus, it controls P behaviors in an aquatic environment (Li et al.,
2013). Accordingly, the buffering capacity provides a useful graphic approach for
examining P sorption at ambient concentrations (Smith et al., 2005).
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Measurement of P sorption kinetics is used to investigate the effects of sediment on the
P concentration in the overlying water during their contact. The sorption kinetics
identifies the time dependence of sorption of P onto sediment (Huang et al., 2014).
House et al. (1995) suggested that the Elovich equation is the best to describe the
kinetic sorption of P and bed sediment controls the influx of P in sediment. Huang et al.
(2011) and Yao et al. (2011) reported that the P sorption kinetics is described
satisfactorily by a pseudo-second-order model
The P sorption capacity of sediment can be predicted by determination of isotherm
sorption parameters using the Langmuir model (Luo et al., 2009, Bridgham et al., 2001).
Determination of the maxima P sorption capacity of sediment is essential for predicting
the long-term sustainability of sediment in retaining external P loadings (Lai and Lam,
2008). Reddy and Delaune (2008) suggest that P sorption capacity is not only
dependent on available sorption sites of the sediment but also other factors. For
example, P may be retained in mineral compositions of sediment by precipitation. The P
sorption capacity is correlated with the concentrations of iron and aluminum because P
sorption in soil/sediment is associated with amorphous and poorly crystalized forms of
iron and aluminum. Chemical reactions of P with CaCO3 are of special significance in
calcareous sediment. In addition, under alkaline conditions, PO 43-, which easily
combines with Ca2+ to form CaHPO4 precipitation, is the dominant form of P.
Algae blooms have sometimes occurred in the drainage ditches and downstream of the
reclaimed land in Kasaoka Bay. More recently, eutrophication tends to occur often
because the concentration of PO4-P in water of drainage ditches is 0.3–1.37 mg L-1.
Sharpley et al. (1999) noted that the critical P value for eutrophication was 0.02 mg L-1.
The ditch sediments in Kasaoka may have special characteristics because it receives
water runoff from agriculture and under alkaline conditions, which differs from lake and
river sediments. So far, few studies have been conducted in this region. Maeda et al.
(2011) have assessed water quality of drainage ditches. Nguyen et al. (2014)
determined P fractions in sediment under different pH and aerobic/anaerobic conditions.
reported P fluxes across the sediment-water interface. Information on sediment P
sorption capacity is necessary to manage nutrient loadings from agricultural areas. The
aims of the present study are to determine whether the sediment in drainage ditches
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acts as a source or sink of P, evaluate P sorption kinetics, and determine the potential
for P sorption by using the Langmuir model.
2.2 Materials and methods
2.2.1 Study area description and sampling methods
Kasaoka Bay is located in the southwestern part of Okayama prefecture, Japan.
Agricultural activities on the reclaimed land with an area of 1,191 ha have started in
1990. This area is driven by three main sectors including a livestock-horticulture area
(LHA), livestock area (LA), and grassland area (GLA) for dairy cattle. The three drainage
ditches have the main component of water transfer networks, which redistributes water
within farmlands and links fields with receiving aquatic systems (Fig. 1). Each ditch is
approximately 1,850 m in length, 3 m in width, and 0.35 m of water level. Our surveys on
water quality since 2008 have demonstrated that the ditches were contaminated with
nitrogen (N) and P over years (Maeda et al., 2011).

The annual precipitation and

temperature of the study area from 2000 to 2014 is 1,008 mm and 15.4 oC, respectively,
which was obtained from the Automated Meteolorogical Data Acquisition System
(AMeDAS) (http://www.jma.go.jp/en/amedas/). Three drainage ditches flow in the
agricultural area and receive discharge water from each sector of LHA, LA, and GLA.
Drainage ditches serve mainly for discharge water by transferring it from the farmland to
the stabilization pond. Water from the stabilization pond is pumped directly out to the
sea.
Three sites at the end points of each ditch, where nitrogen and P concentrations were
the highest, were selected for water and sediment sampling collection. Our surveys in
2014 indicate that P concentrations in drainage water are higher in summer than in other
seasons (Tables 2.1 & 2.2) because higher P release occurs during summer (Ogdahl et
al., 2014) as effects of temperature on P release from sediments . Surface sediment (010 cm) and the overlying water were collected in downstream of the ditches for the
experiments. These sampling points were selected because the highest concentration of
nitrogen and P were detected in the ditches. Water and sediment samples were
collected in triplicate by a hand corer (5.5 cm in diameter) in September 2014,
immediately placed in an ice-box, and transported to laboratory within 3 h. The initial
physiochemical characteristics of sediment were determined.
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Fig. 2.1 Map of study area.
Sediment samples were subjected to measurements of pH and electrical conductivity
(EC) at soil: water ratio of 1:5 after shaking for 1 hour at 175 rotations per minute (rpm),
using a digital pH meter (F-23, Horiba, Japan) and EC meter (DS-14, Horiba, Japan),
respectively. The total carbon (TC) and total nitrogen (TN) were determined with C: N
Coder (CMT-700, Yanaco, Japan). Approximately 1-g air-dried sediment was digested
with sulfuric acid and hydrogen peroxide at 300 oC for the analysis of total P (Rydin,
2000). The soil particle-size distributions were analyzed by the pipette method .
2.2.2 Phosphorus sorption experiments
Sorption at ambient P concentrations (low-range P concentrations)
The first experiment was conducted with approximately 2.5 g air-dried sediment and 25
mL solution of (anhydrous) KH2PO4 with different P concentrations (C0: 0.025, 0.05, 0.1,
0.5, 1.0, and 2.0 mg L-1) to determine the EPC0 and P buffering capacity. The blank
control tubes were set up including two centrifuge tubes with sediment was added with
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deionized water and two other centrifuge tubes without sediments was added only P
solution to determine P released from sediments and sorbed by plastic centrifuge tubes.
Samples were placed in 50 mL Erlenmeyer flasks, sealed with parafilm, and then
shaken at 175 rpm for 24 h (25±1oC). Phosphorus sorption behavior of sediment
including EPC0 and P buffering capacity were determined according to the method
developed by Bridgham et al. (2001). The x-intercept is termed the EPC0, when the
amount of P sorbed by sediment (Qe, mg kg-1) is graphed on the y-axis against C0 or Ce
(equilibrium

concentration).

Qe

is

determined

from

the

difference

between

concentrations at C0 and Ce.

𝑄𝑒 =

(𝐶0 −𝐶𝑒 )𝑉+𝐶𝑡 𝑉
𝑀

(2.1)

where M is the mass of a known weight of sediment (kg), Ct is concentration of P in
blank control tubes and V is the volume of solution (L). When (C0 –Ce) is graphed on the
y-axis versus C0 on the x-axis, a slope of regression line indicates buffering capacity.
Sorption kinetic measurement
The second experiment was carried out to describe the P sorption kinetics using 1.0 g
air-dried sediment placed in a series of 50 mL centrifuge tubes with 25 mL solution
containing 5 mg L-1 of P. The centrifuge tubes were capped and incubated at 25±1oC in
a shaker at 175 rpm for various time intervals between 0 and 48 h of sorption (0, 0.25,
0.5, 1.0, 2.5, 5, 10, 15, 24, 32 and 48 h). The sampled solutions were immediately
centrifuged at 5000 rpm for 10 min and filtered through a 0.2-µm membrane filter, and
the P concentration of the filtrate was determined.
The amount of P sorbed onto sediment was calculated using Eq.(1). Experimental data
were tested by the common kinetic models of pseudo-first-order, Elovich equation, and
pseudo-second-order to describe sorption kinetics, and to calculate sorption rates and
the amount of P sorbed to sediments at equilibrium. However, only the pseudo-secondorder equation was satisfactorily suitable to determine the parameters, which are
represented by the following equations:
𝑑𝑄𝑡
𝑑𝑡

= 𝑘(𝑄𝑒 − 𝑄𝑡 )2

(2.2)
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where k is the rate constant of sorption (kg-1 mg-1 h), and Qe and Qt are the amounts of P
sorbed at equilibrium and at time t (h), respectively. For the initial condition at t = 0, Qt =
0, the integration of Eq.(2) gives the following form:
𝑡
𝑄𝑡
𝑄𝑡
𝑡

=

1
𝑘𝑄𝑒2

𝑡

+𝑄

𝑒

𝑘𝑄 2

= 1+𝑘𝑄𝑒

𝑒𝑡

(2.3)
(2.4)

A plot of t/Qt versus t of Eq. (4) gave a linear relationship with a slope 1/Qe and an
intercept of 1/ kQe2.
High-range P concentrations for sorption capacity
To determine the P sorption capacity of sediment, a similar experiment to the first one
was performed with various higher initial P concentrations (C0: 0, 2, 5, 10, 20, 30, and 40
mg P L-1), shaken at 175 rpm room temperature (25±1oC) for 24 h (Luo et al., 2009, Yoo
et al., 2006). The Langmuir, Freundlich, and Redlich-Peterson models are widely used
to describe experimental data. Previous works showed that Langmuir tended to fit the
data better at higher concentration and seems to be best-fitted with the data than others
because of the minimal deviations, the Langmuir model:
𝑄𝑒 =

𝑄𝑚𝑎𝑥 ×𝐾𝐿 ×𝐶𝑒
1+𝐾𝐿 ×𝐶𝑒

(2.5)

Qe: P sorption capacity of sediment at equilibrium (mg kg-1).
KL: a constant related to binding energy (L mg-1).
Ce: concentration at equilibrium (mg L-1).
Qmax: P sorption capacity of sediment (mg kg-1).
In the present study, non-linear regression analysis was used by OriginPro version 8.5.1
to estimate the parameters. Correspondingly, a plot was drawn between Ce and Qe
using experimental data and predicted value by non-linear regression. Moreover, the
Langmuir model allows estimating potential sorption of sediments (Qmax). In addition, the
study used the coefficient of determination, r2, which is widely used to determine the
relationship between the experimental data and optimum isotherm models.
2.2.3 Sample analysis
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All samples were filtered through a 0.2 µm membrane filter. The concentration of P in
filtrates was determined by spectrophotometry using a continuous flow autoanalyzer
(QuAAtro 2-HR, Bltec, Japan). The experiments were performed in triplicate. The
amount of P sorption onto sediments was determined after subtracting the blank control
(Eq. (1)). Means and standard deviations were calculated and expressed as a mean
±SD.
2.3 Results and discussion
2.3.1 Drainage water and sediment properties
Table 2.1 Water quality parameters in the drainage ditch in 2014
Date/

pH

Locations

(-)

EC
(dS cm-1)

TN

NO3-N
-1

(mg L )

-1

(mg L )

NH4-N
-1

(mg L )

PO4-

TP
-1

(mg L )

P

TOC
-1

-1

DON
-1

(mg L )

(mg L )

(mg L )

January
LHA

7.42 3.76

3.39

0.74

1.14

1.20 1.09

12.38

1.52

LA

7.58 3.68

11.19

0.03

5.60

1.85 1.47

26.90

5.56

GLA

7.87 6.10

1.79

0.63

0.19

0.03 0.01

11.58

0.96

LHA

7.78 4.74

3.98

0.39

1.63

1.84 1.80

13.48

1.96

LA

7.96 3.86

6.34

0.94

2.35

1.46 1.42

16.88

3.04

GLA

8.23 6.61

1.95

0.54

0.00

0.03 0.00

11.14

1.40

April

September
LHA

7.62

3.67

5.61

0.95

2.45

1.74 1.63

–

2.21

LA

7.73

2.02

9.15

0.00

6.18

1.88 1.72

–

2.96

GLA

8.44

11.82

1.47

0.00

0.00

0.34 0.28

–

1.47

December
LHA

7.59

3.77

10.30

7.60

0.23

1.03 0.94

–

2.48

LA

7.38

3.40

15.90

11.53

0.45

1.39 1.23

–

3.93

GLA

7.54

3.91

5.44

4.44

0.02

0.07 0.06

–

0.97

EC: electrical conductivity, TN: total nitrogen, NO 3-N: nitrate nitrogen, NH4-N: ammonia nitrogen, TP: total
phosphorus, PO4-P: dissolved reactive phosphorus, TOC: total organic carbon, and DON: Dissolved
organic nitrogen.
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Table 2.1 shows the temporal and spatial variations of water quality parameters of the
studied drainage ditches. The highest concentration of N and P occurred in the LA ditch,
following by LHA and GLA ditches. Phosphorus concentration of three ditches was
higher in September (summer) than other sampling dates. Table 2.2 describes sediment
properties that showed the similar pattern of concentrations of N and P in water. While
clay and silt contents of GLA were greater than other ditches, the concentration of N and
P in LA sediment was the highest. The pH and EC values of sediment indicate that the
drainage ditches are affected by sea water from inflow (Fig. 2.1).
Concentration of PO4-P in agricultural drainage water from reclaimed land in Kasaoka,
Japan, excessed the eutrophication threshold (0.02 mg L -1). These concentrations were
higher than that of ADD in other countries (Table 2.3). This demonstrated that
agricultural activities in Kasaoka discharge a large quantity of P. The silt fraction
dominated in all ditch sediments at more than two-thirds. A high percentage of the silt
component was attributed to sediment runoff from agricultural areas (Kröger and Moore,
2011).
2.3.2 Ambient P concentration sorption parameters
Figure 2.2 and Table 2.4 show the differences in EPC0 values and buffering capacity of
different sediments that received different polluted wastewaters. Sediment EPC 0 is the
concentration at which no net sorption or desorption of P occurs. The highest value of
EPC0 was seen for LA, followed by LHA and GLA sediments, indicating that higher the
EPC0 of sediment, the more polluted it was (Luo et al., 2009). Jin et al. (2005) reported
that sediment EPC0 had a strongly positive correlation with the nutrient level of
sediments. Silt and clay contents in sediment had strong correlations with EPC 0 and
higher PO4-P concentrations in the overlying water increased sediment EPC 0 (Smith et
al., 2005). The order of the sediment EPC0 was the same as the order of PO4-P
concentrations in the three ditch waters. The sediment EPC 0 of three drainage ditches
are lower than PO4-P concentrations of ditch water. The data are comparable to the
results of Luo et al. (2009), who reported EPC0 values ranging from 0.001 to 0.108 mg
L-1 in agricultural headwater drainage ditches or to those of Yoo et al. (2006) of marsh
sediment (0.02–0.26 mg L-1).
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Table 2.2 Temporal and spatial variations of sediment properties in 2014
TC

TN
-1

TP
-1

(g kg )

(g kg )

(g kg-1)

LHA

15.8

1.2

0.52

LA

21.9

1.7

0.58

GLA

14.9

1.4

0.32

LHA

33.1

2.4

0.42

LA

35.5

3.1

0.53

GLA

10.4

1.8

0.36

LHA

36.5

2.7

0.58

LA

43.2

3.6

0.64

GLA

12.4

2.3

0.28

LHA

32.6

2.2

0.44

LA

38.1

3.4

0.52

GLA

16.4

2.3

0.37

LHA

LA

GLA

pH

8.0 ± 0.12

8.3 ± 0.14

8.2 ± 0.09

EC (dS m-1)

3.3 ± 0.38

2.3 ± 0.52

2.3 ± 0.27

Clay (%)

1

3

5

Silt (%)

63

68

69

Sand (%)

36

29

27

January

April

September

December

Other properties of sediment

Particle size

LHA: livestock and horticulture area, LA: livestock area, GLA: grassland area

TC: total carbon; TN: total nitrogen, TP: total phosphorus, EC: electrical conductivity.
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Table 2.3 Phosphorus concentrations in ADD in other countries
PO4-P (mg L-1)

Location

References

0.08–1.30

Mississippi Alluvial Valley

Kröger and Moore (2011)

0.37

Manokin River watershed, Maryland

Sharpley et al. (2007)

0.006–0.019

New Zealand

Nguyen and Sukias (2002)

0.20–0.70

UK

(Niedermeier and Robinson,
2009)

0.15

China

Luo et al. (2009)

0.30–1.37

Japan

The present study

Table 2.4 Zero equilibrium P concentration (EPC0) and buffering capacity of sediments
Sediment locations

LHA

LA

GLA

EPC0 (mg L-1)

0.146

0.275

0.060

Buffering capacity (L kg-1)

0.944

0.934

0.951

LHA: livestock and horticulture area, LA: livestock area, GLA: grassland area

EPC0: zero-equilibrium phosphorus concentration.

Accordingly, sediments of the study sites acted as a sink for P, so they can accept new
P loading. Phosphorus buffering capacities among the locations were not greatly
different. The P-buffering capacity controlled P sorption and release in sediment and is
related to the pollution level (Wang et al., 2009a). Smith et al. (2005) report that Pbuffering capacity of sediment increased with high fractions of fine particle (clay and silt)
and organic matter contents. On the other hand, the P-buffering capacity of sediment
was increased when sediment was treated by chemicals (aluminum sulfate, calcium
carbonate), and dried sediment showed higher P-buffering capacity than fresh sediment
(Hama et al. 2015).
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Fig. 2.2 EPC0 of sediments (a) LHA, (b) LA, and (c) GLA
LHA: livestock and horticulture area, LA: livestock area, GLA: grassland area.

EPC0: zero-equilibrium phosphorus concentration.
C0: initial phosphorus concentration (mg L-1).
Qe: amount of phosphorus sorbed onto sediment (mg kg-1).
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2.3.3 Phosphorus sorption kinetics
The sorption kinetics is important because they provide insights into the mechanism of
sorption reactions. The kinetics of P sorption by sediment are defined as a timedependent process (Lai and Lam, 2009), which has been widely reported as a multiple
kinetic process to determine the reaction time required for completion of sorption
reaction (Huang et al., 2014). Figure 2.3 illustrates the time-course of the sorption
kinetics of three sediments, described by the pseudo-second-order model. The sorption
reached equilibrium and stayed stable after 5 h. The sorption kinetics can be divided into
two stages based on the geometric shape of the sorption curve (Huang et al., 2014,
Wang et al., 2009b). The first stage is described as the quick sorption of P onto
sediment, about 78% of P was sorbed onto the sediment. The second stage started to
follow slow sorption of P in the solid phase before reaching equilibrium concentration in
the water phase. Almost 100% of P sorption onto sediment occurred within the first 24 h
of the experiment. This suggests that the sorption kinetic between solid and solution
phases can be attained after 24 h. Jin et al. (2005) reported that 80% of P sorption onto
sediment occurred in the first stage. Likewise, Wang et al. (2006a) found that about 70%
of maximal P sorption onto the sediment occurred within 2.5 h.
Table 2.5 Parameters of pseudo-second-order model of sediment kinetic sorption
Sediment

k (kg-1mg-1h)

Qe (mg kg-1)

r2

LHA

0.033

50.76

0.9995

LA

0.015

64.52

0.9987

GLA

0.017

77.52

0.9983

LHA: livestock and horticulture area, LA: livestock area, GLA: grassland area
k: pseudo-second-order model constant and Qe: amount of P sorbed onto sediment at
equilibrium.
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Fig. 2.3 Models of P sorption kinetic of sediments (a) LHA, (b) LA, and (c) GLA
LHA: livestock and horticulture area, LA: livestock area, GLA: grassland area

2nd order: pseudo-second-order model
Qt: amount of phosphorus sorbed onto sediment at time t (h).
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About 60% P was sorbed into sediment in the first stage (30 min) (House et al., 1995).
Table 2.5 described parameters of P sorption kinetic that were obtained from the
pseudo-second-order model. The highest amount of P sorbed onto the sediment at
equilibrium was seen for the GLA sediment, followed by LA and LHA sediments (77.52,
64.52, and 50.76 mg kg-1, respectively). In this study, the pseudo-second-order model
fitted with the experimental data (r2 >0.998) better than the pseudo-first-order model,
Elovich, and power function models.
2.3.4 Phosphorus sorption capacity
The Langmuir sorption isotherms have been widely applied to evaluate the P sorption
capacity of drainage sediment (Luo et al., 2009, Dittrich et al., 2013, Vaughan et al.,
2007, Nguyen and Sukias, 2002) because this adsorption isotherm has some
advantages for describing P sorption behavior and estimating maximal P sorption by
non-linear methods of the sediments, are shown in Fig. 2.4. Overall, the sorption data
from the experiments showed that higher initial P concentrations in solution increased
the amounts of P sorbed onto sediments. Potential sorption is usually dependent on
available sorption sites and concentrations of minerals of the sorbent (Reddy and
Delaune, 2008).
Table 2.6 Langmuir sorption isotherm parameters using non-linear method
Sediment locations

Qmax (mg kg-1)

K (L mg-1)

r2

LHA

447.0

0.171

0.992

LA

473.9

0.143

0.995

GLA

493.8

0.140

0.992

LHA: livestock and horticulture area, LA: livestock area, GLA: grassland area

Qmax: maxima sorption capacity of sediment, K: a constant related to binding
energy.
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Fig. 2.4 Langmuir sorption isotherm using non-linear method.
LHA: livestock and horticulture area, LA: livestock area, GLA: grassland area
Qe: amount of P sorbed onto sediment at equilibrium (mg kg-1).
Ce: concentration of P at equilibrium (mg L-1).
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Table 2.6 illustrates the sorption parameters of P onto sediments by using the Langmuir
non-linear sorption model. According to Qmax, the potential sorption capacities of LHA,
LA and GLA sediments were 447.0, 473.9, and 493.8 mg kg -1, respectively. The Qmax of
GLA sediment was the highest, followed by LA, and then LHA sediment. This attributed
to its clay and silt contents and concentration of P in sediments (Table 2.2). These
values were much higher than the data reported by Kröger and Moore (2011), who
found P sorption capacity of agriculture drainage ditches was only 18-28 mg kg-1, but
much lower than those of Nguyen and Sukias (2002) (2,225-4,194 mg kg-1).
This result agrees with those drawn by many researchers studying sorption of P onto
sediments. Clay and silt contents were correlated with sorption capacity of sediment
(Nguyen and Sukias, 2002, Kröger and Moore, 2011). When the available surfaces of
the sorption sites were completely covered, increasing potential sorption resulted from
increased concentrations of minerals by precipitation reactions (Wang et al., 2009b).
Similarly, Qmax increased with increasing mineral contents (Lopez et al., 1996, Wang et
al., 2009b, House et al., 1995). Stone and Mudroch (1989) found that clay particle
fraction contains greater amount of minerals. However, Qmax decreased when the ionic
strength increased (Wang et al., 2006a). Huang et al. (2011) reported that Qmax
increased with increasing temperature due to greater amorphous contents of Fe and Al.
In addition, along with the minerals with P, bacteria contributed to the uptake of P in
sediment (House et al., 1995). On the other hand, the constant K of the current study
ranged from 0.140–0.171 L mg-1. These values were lower than in previous reports of
ADD by Luo et al. (2009) (1.64-8.65 L mg-1), Smith et al. (2005) (0.412-1.85 L mg-1), and
Yoo et al. (2006) (0.36-1.51 L mg-1).
The coefficient of determination, r2, indicates that the data of the present study was fitted
well with non-linear regression analysis (0.992–0.995) (Fig. 2.4, Table 2.6). The highest
coefficient of determination was for LA sediment, followed by LHA, and then GLA
sediments. Ho (2006) noted that using transformation of non-linear Langmuir to linear
forms may impact the final determination of parameters, where use of the non-linear
method would avoid such errors. Similarly, suggest that nonlinear method is the best
way to get the actual isotherm parameters. According to Diaz et al. (1994), the
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precipitation of P increased as the pH increased > 9.0. Especially, calcium and P were
precipitated at the higher pH levels associated with higher Ca concentrations.
2.4 Conclusions
The sediments from three drainage ditches of reclaimed land in Kasaoka Bay were twothirds silt. The contents of TC, TN, and TP in the LA sediment were the highest, followed
by LHA and GLA sediments. The pseudo-second-order model could describe the P
sorption kinetics of sediments. The kinetic sorption of sediments consisted of two stages,
quick and slow stages. The EPC0 values indicate that sediments of the three ditches, act
as P sinks. The Langmuir model by non-linear method described sorption isotherms of
sediments in this study (r2 > 0.99) and provided a good theoretical estimate of the P
sorption capacity of the sediments. Our results indicate the significance of ditch
sediment in controlling the dynamics of P discharged from agricultural farms, when P
concentrations in sediments are relatively high: sediment still tended to sorb more P
from drainage water. Further information on environmental characteristics, such as the
fate of P and transport processes within drainage ditches, needs to be reassessed in
further studies so that an appropriate solution can be selected.
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Abstract
Agricultural farms are considered to be non-point sources of P loads to rivers and lakes.
Sediment can act as a source or sink of P under different environmental conditions.
Inorganic P is the major form, and is a very useful indicator to evaluate the potential
release of P in sediment. This study aimed to evaluate the effects of pH and
aerobic/anaerobic conditions on P release from sediment by the changes of P fractions
before and after incubation. Sediment samples were collected from a drainage ditch of
livestock farms on reclaimed land in Kasaoka Bay, Japan. Experiments were conducted
in a series of 200-mL glass serum bottles with 8–10 g fresh sediment and 100 mL of
0.02 M KCl solution, adjusted to pH 4, 7, or 10, and incubated under aerobic or
anaerobic conditions. Phosphorus was released under both aerobic and anaerobic
conditions until day 5. On the other hand, the amount of P released under anaerobic
conditions increased continuously towards day 10 while that under aerobic conditions
decreased after day 5 to the end of experiment (p < 0.05). Thus, sediment acted as a
sink of P under aerobic conditions and as a source of P under anaerobic conditions.
Sediment fractionations indicated that loosely sorbed P (loosely-P) and iron-bound P
(Fe-P) fractions were the main sources of P released to the overlaying water. The
amount of P released from sediment at acidic pH was higher than that at neutral or
alkaline pH under anaerobic conditions (p < 0.05). However, under aerobic conditions,
the amount of P release was higher at alkaline pH than that at acidic or neutral pH (p <
0.05).
Keywords: aerobic, agricultural sediment, anaerobic, pH, phosphorus release
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3.1 Introduction
Phosphorus is one of the most limiting nutrients contributing to eutrophication of both
fresh and estuarine surface waters (Reddy and Delaune, 2008, Wang et al., 2008).
Excessive application of P on agricultural farms as a fertilizer results in eutrophication of
downstream lakes and seas. Agricultural farms are considered to be non-point sources
of nutrient loads of rivers and lakes, and drainage ditches are the pathways of nutrient
loads between farmland and recipient aquatic systems (Smith et al., 2005, Vaughan et
al., 2007, Luo et al., 2009, Kröger and Moore, 2011). In agricultural ditches, the
interactions between sediment and overlaying water involve a number of complex
processes, one of which is the release of P from sediment into overlaying water.
Sediment can act as a source or sink of P depending on environmental conditions, such
as pH, redox potential, and temperature. Sedimentary P has the potential to be released
back into the water column (Gomez et al., 1999, Wang et al., 2008), which may
significantly impact water quality. An improved understanding of the mechanism of P
release would assist in controlling eutrophication. Inorganic P (IP) in sediment is the
major form of P (Wang et al., 2006b), and it can be divided into four fractions: loosely-P,
Fe-P, aluminum-bound P (Al-P), and calcium-bound P (Ca-P). These P fractions are
very useful indicators of the potential to release P from sediment. Studies on P-binding
forms are also crucial in predicting how the system will react under changing conditions
(Xiang and Zhou, 2011, Sugiyama and Hama, 2013). The loosely-P fraction includes P
dissolved in the pore water. Sun et al. (2009) and Wang et al. (2006) reported that the
concentrations of loosely-P were only 1–3% and 0.1–3.5% of IP in the Haihe River in
shallow lake sediments in China, respectively. Fe-P represents the redox-sensitive P
fraction, which is considered a potentially mobile pool of P (Rydin, 2000).
Oxygen level is one of the most important factors affecting the process of sorption and
desorption of P in sediment (Wang et al., 2008). Hupfer and Lewandowski (2008)
reviewed that oxygen is a key factor in controlling P release from sediment because the
sorption of oxidized ferric complexes for P is destroyed as oxygen concentration
depleted, resulting in P released. Whereas, aerobic sediment increases a high sorption
capacity of sediment due to retaining P to a mono-layer of Fe(OOH). Reductionoxidation reactions play a critical role in the fate of P. Phosphorus fraction forms are
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sensitive to changes in pH and oxygen levels leading to the release of P in sediment. Prich sediment in lakes and rivers may cause surface water pollution. In addition,
sediment and water in lakes and rivers are sometimes polluted by discharge of
agriculture waste. However, researchers pay less attention to drainage ditches. The
release of P in lake sediments is well documented, but little information about P release
from drainage ditch sediment has been reported. Especially, the contribution of different
P fractions in ditch sediments to water is not fully understood yet.
Previous studies focused mainly on the effect of drainage ditch sediment on P retention
capacity (Luo et al., 2009, Ahiablame et al., 2011). The release of P from sediment can
be estimated by the change of P fractions before and after P release experiments
(Wang et al., 2006b). Various types of P minerals can form in sediments, depending on
the physiochemical conditions (Moore et al., 1998). These different fractions (forms of P)
were attributed to the different sediment characteristics such as diagenesis and
environmental conditions affected the P amounts and forms of P release. For example,
Fe-P and Al-P were the main fractions released (80%) into the overlying water from
sediments in shallow lakes in China (Wang et al., 2006b). In addition to P released for
sediment of the Lake Meiliang and Gonghu, it was released only under anaerobic
conditions and released forms were mainly from Fe-P, Ca-P, and Al-P fractions (Wang
et al., 2008). On the other hand, Jiang et al. (2006) reported that Ca-P and organic P
(OP) in sediment decreased under both aerobic and anaerobic conditions, but Fe-P and
Al-P increased under the aerobic conditions.
The drainage ditches in Kasaoka may have special characteristics because of its
diagenesis (reclaimed farm) and under alkaline conditions, which differs from lake and
river sediments. To improve the water quality, it is necessary to reduce the sources of
nutrients. The best management practices are needed to assess in improving nutrient
retention. However, the best management practices are currently applied without
sampling and characterization of ditch soils and their geomorphic environment (Vaughan
et al., 2007). We should not overlook the fact that P release is roughly equivalent to
external loads (Moore et al., 1998). The knowledge of the factors influencing the P
release is needed because P is the limiting factor to eutrophication. We need to develop
a better understanding of the P release mechanism in agricultural drainage sediment so
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that eutrophication downstream is controlled. The aim of this study was to evaluate P
release mechanisms under changing pH and aerobic/anaerobic conditions with special
attention to P fractions released from sediment before and after incubation.
3.2 Materials and methods
3.2.1 Study area description and sampling methods
Kasaoka Bay is located in southwestern Okayama Prefecture (34o28’59’’ N, 133o29’30”
E). Agricultural activities on reclaimed land from Kasaoka Bay with an area of 1,191 ha
were established in 1990. This area has the main component of water transfer networks,
which redistributes water within farmlands and links fields with receiving aquatic systems.
The area in the northwest part is divided into three sectors: 176 ha of livestock, 99 ha of
crop fields, and 132 ha of grasslands. The annual precipitation and temperature of the
study area from 2000 to 2014 is 1,008 mm and 15.4oC, respectively, which was obtained
from

the
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Meteolorogical

Data

Acquisition

System

(AMeDAS).

(http://www.jma.go.jp/en/amedas/).
The ditch is approximately 1,850 m in length, 3 m in width, and 0.35 m of water level.
Sediment samples were collected from the depth of 0–15 cm on 21 April 2014 in a
drainage ditch that receives effluent with high concentrations of nutrients mostly from
livestock farming. Our surveys on water quality since 2008 have demonstrated that the
ditch was contaminated with nitrogen and P throughout the years. Water and sediment
samples were taken in triplicate from the central area at the end of ditch, where higher
concentrations of nitrogen and P were found from previous surveys (Maeda et al., 2011),
to develop the understanding for P release mechanisms. Sediment samples were
obtained by hand using a core sampler 5.5 cm diameter. All samples were transported
to the laboratory in a cooler box within 3 h.
3.2.2 Phosphorus release experiment
Phosphorus fractions are very sensitive to the change of environmental conditions, of
which pH and oxygen levels are considered to be master variables P release
mechanisms in sediment. The pH levels of solutions were adjusted to represent acid,
neutral, and alkaline conditions. In addition, incubation temperature was also selected to
stimulate the summer temperature because of high temperature promotes P release
from sediment (Ogdahl et al., 2014). The following experiments were immediately
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performed in a 200-mL glass serum bottle (5.5 cm in diameter). Eight to 10 grams of
homogenized fresh sediment (5–7 g dry equivalent) was loaded into the bottle with 0.02
M KCl solution, adjusted to pH 4, 7, or 10 by HCl or NaOH, and incubated under aerobic
or anaerobic conditions. The electrical conductivity (EC) of the drainage water in the field
ranged from 2.87 to 4.15 dS m-1 in 2014. Ionic strength affects P sorption/desorption
behaviors. Potassium chloride was added to simulate the ionic strength in the field. For
anaerobic treatments, the bottles were capped with a butyl stopper and the water
column was purged with N2 gas until saturation. All bottles were wrapped with aluminum
foil and incubated at room temperature (25±1 oC) in a dark place to prevent algae
development. Sediment and overlaying water were sampled on days 1, 2, 3, 4, 5, and
10.
Water samples were filtered through a 0.2 µm filters (DISMIC-25AS, ADVANTEC,
Japan) to analyze the concentration of soluble reactive P (SRP). Unfiltered water sample
was digested with K2S2O8 and product (PO4-P) was analyzed for total P. Phosphorus
fractions were extracted from sediment samples before and after incubation by using the
sequential extraction scheme of Rydin (2000).
The extraction scheme includes five fractionations of P in sediment. Loosely-P and Fe-P
were extracted with 1 M NH4Cl solution (at pH 7 for 2 h) and with 0.11 M
NaHCO3/Na2S2O4 for 1 h (pH 8), respectively. Subsequently, extraction of the residue
was continued with 0.1 M NaOH for 16 h in a shaker, and the extracted solution included
two fractions, Al-P and organic P (Org-P). The Al-P fraction was measured directly from
the extracted solution and other organic phosphates, and the difference between TP
digested by K2S2O8 and Al-P, is Org-P. Ca-P was obtained using with 0.5 M HCl for 16 h.
Extracted suspensions were centrifuged 3000 rotations per minute (rpm), and the
filtrates were filtered through a 0.2 µm membrane filter. Phosphorus of all samples was
determined by the spectrophotometry using a continuous flow autoanalyzer (QuAAtro 2HR, Bltec, Japan). The TC and TN were determined with C: N Coder (CMT-700, Yanaco,
Japan). Approximately 1-g air-dried sediment was digested with sulfuric acid and
hydrogen peroxide at 300oC for the analysis of total P (Rydin, 2000). The amounts of P
released into the overlaying water under different pH and aerobic/anaerobic conditions
were analyzed by ANOVA (multi-comparisons Tukey-Kramer HSD post-hoc test). The
two-tailed t-test was used to evaluate the significant differences between the amounts of
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P fractions released under aerobic and anaerobic conditions. Statistical comparison
tests were conducted at a level of significance of p = 0.05.
3.3 Results and discussion
3.3.1 Sediment and water characteristics of the drainage ditch
Table 3.1 summarizes the sediment and water characteristics of the drainage ditch. The
silt fraction was dominant, accounting for more than two thirds of the sediment particlesize distribution. Kröger and Moore (2011) indicated that a high percentage of the silt
component was a result from the sediment runoff from agricultural areas. The
concentration of SRP agricultural drainage water in the Mississippi Alluvial Valley was
0.08–1.30 mg L-1 (Kröger and Moore, 2011), in the Manokin River watershed was 0.37
mg L-1 (Sharpley et al., 2007), in New Zealand was from 0.006–0.019 mg L-1 (Nguyen
and Sukias, 2002), and in the UK was from 0.2–0.7 mg L-1 in UK (Niedermeier and
Robinson, 2009), lower than the value of the present study. This demonstrated that
livestock farming in Kasaoka supplied a larger quantity of P to the drainage ditch.
Table 3.1 Physical and chemical characteristics of drainage ditch sediment and water
Sediment and water parameters

Values

Sediment
TC (%)

4.2 ± 0.1

TN (%)

0.33 ± 0.1
-1

TP (mg kg )

Particle sizes

Water

489.3 ± 0.1

pH

8.0 ± 0.1

EC (dS m-1)

2.3 ± 0.5

Clay (%)

3 ± 1.4

Silt (%)

68 ± 4.1

Sand (%)

29 ± 2.7

Soluble reactive P (mg L-1)

1.4 ± 0.0

-1

TP (mg L )

1.8 ± 0.0

-1

3.86

EC (dS m )
pH

8.0

TC: total carbon, TN: total nitrogen, TP: total phosphorus, EC: electrical conductivity.
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3.3.2 Amounts of P released into overlaying water
Figure 3.1 shows the amount of PO4-P released, which was calculated from the PO4-P
concentration in water during the experiment. P was released under both aerobic and
anaerobic conditions, but the magnitudes were different. On the first 5 days, all
treatments showed a similar trend in the release of P from sediment. This indicates that
P can be released from sediment, regardless of pH 4, 7, or 10 and aerobic/anaerobic
conditions. In general, the amount of P released during 10-day incubation was greater in
acidic pH than that of alkaline or neutral pH under anaerobic conditions (p < 0.05). In
contrast, the amounts of P released were significant higher at alkaline pH than that at
acidic or neutral pH under aerobic conditions (p < 0.05).
Under anaerobic conditions, the concentrations of P increased remarkably over the
experiment. The amounts of P released in pH 4, 7, and 10 were 11.3, 9.4, and 10.1 mg
kg-1 on day 10, respectively. There was no significant difference in amounts of P
released between pH 7 and pH 10 treatments (p > 0.05). The release was quick on the
first day of incubation (7.3 mgP kg-1) in the pH 4 treatment, which was higher than that of
pH 7 (3.7 mgP kg-1) or pH 10 (3.7 mgP kg-1) treatments. However, the released amounts
of P in pH 7 and pH 10 treatments were greater than that of pH 4 treatment from day 1
to day 5. It means that the initial acidic pH affected the solubility of P on the first day of
incubation, and then pH increased/decreased towards the sediment pH after 5 days
incubation (Fig. 3.2B). Lower amount of P released in the pH 4 treatment from day 1 to
day 5 was attributed to higher concentration of P in the water column, which probably
regulated P released from sediment. The net amounts of P released under anaerobic
conditions from day 5 to day 10 were 1.7, 1.6 and 0.9 mg kg -1 in acidic, neutral and
alkaline treatments, respectively, much lower than those from day 1 to day 5.
In contrast, under aerobic conditions, the release of P gradually increased and reached
to 8.8, 7.3, and 8.7 mg kg-1 on day 5, then decreased to 3.2, 3.3, and 3.9 mg kg-1 by the
end of the experiment in pH 4, pH 7, and pH 10 treatments, respectively. The amount of
P release from sediment to overlying water was not significantly different between pH 4
and pH 7 treatments (p > 0.05). Sediment acted as a sink of P after day 5 due to
precipitation of Fe with released P, although P was released from sediment from day 1
to day 5.
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Fig. 3.1 Amounts of P released under different pH and oxygen conditions
O4, O7, and O10: Aerobic condition at pH 4, 7, and 10, respectively.
N4, N7, and N10: Anaerobic condition at pH 4, 7, and 10, respectively.
a-d
Data with the same letters were not significantly different within each
treatment under aerobic or anaerobic conditions at p > 0.05.

The results agreed with Gao (2012), who found that higher amount of P released from
Rongcheng Swan Lake sediments under acidic conditions than that under alkaline or
neutral conditions. This study indicates that initial pH plays an important role on P
release from sediment. However, the P release showed oppositive trends after 5 days of
the incubation. Probably, P release-course from sediment of the present study can be
divided into two stages. The first stage is described as release patterns of P from day 1
to day 5, regardless of pH levels or aerobic/anaerobic conditions. At the second stage, P
is slowly released under anaerobic conditions or quick adsorption under aerobic
conditions.
The effect of pH on P release was greater at the first stage. Oxygen concentration was
important at the second stage. As a result, the effects of pH associated with anaerobic
conditions were greater than the effects of pH associated with aerobic condition on P
released from sediment. Similarly, it was confirmed that a low pH water was more
favorable for P release into water under anaerobic conditions (Barlow et al., 2003).
Because large amounts of P were released under acidic and reductive conditions, it can
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be concluded that redox reactions play an important role in the regulation of P in
sediment (Table 3.3). The reduction of Fe3+ to Fe2+ that results in P release from
sediment occurs more strongly under extremely low redox potential and low pH (5.5)
conditions (Moore and Reddy, 1994, Reddy and Delaune, 2008). On the other hand,
lower amounts of P were released under anaerobic conditions at the second stage than
at the first stage. Moore et al. (1998) demonstrated that high concentration of P in the
overlying water regulated the release of P from sediment. In addition, the solubility of P
precipitation with Al or Ca is controlled by P concentration in water and the solubility of P
is lower at neutral pH (McBridge, 1994). Under aerobic conditions, sediment acted as a
sink of P after day 5, because Fe is in the form of Fe(OOH), which has a high capacity to
sorb P (Gomez et al., 1999). Moore and Reddy (1994) also reported Fe phosphate
precipitation or adsorption of P by Fe oxides or hydroxides because ferric phosphate
such as strengite precipitate, resulting in low P solubility.
The amount of loosely-P released was significantly higher under anaerobic conditions
than aerobic conditions in the present study. This would be attributed to the effects of
anaerobic conditions on the sorption–desorption equilibrium (Wang et al., 2008). Our
results suggest that only loosely-P and Fe-P had significant roles in regulation of P in
drainage ditch sediment under both aerobic and anaerobic conditions.
3.3.3 Changes in sediment P fractions during incubation
Tables 3.2 and 3.3 illustrate the changes in amounts of different P fractions in sediments
before and after 10 days of incubation under aerobic and anaerobic conditions. The
initial P concentrations in different fractions of sediment were in the order of Ca-P > Al-P
> Fe-P > loosely-P. The distribution pattern was similar to that in the Haihe River, China
(Sun et al., 2009) and in the Volvi and Koronia Lakes, Greece (Kaiserli et al., 2002).
The loosely-P fraction contributed 10% of IP in sediment. The concentration of Fe-P in
sediment was 17.5 mg kg-1 (11% of IP), higher than the previous report (Gao, 2012),
which documented only 3.6–10.1 mg kg-1 of Fe-P in the Haihe River sediments, much
lower than that in shallow lakes in China (48–112 mg kg-1) (Wang et al., 2006b). The CaP fraction occupied more than 50% of total IP in sediment. Kaiserli et al. (2002) found
the concentrations of Ca-P in Volvi and Koronia lake sediments ranged from 59–74% of
IP. According to previous works (Sun et al., 2009, Gao, 2012, Xu et al., 2013), Ca-P was
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a dominant fraction in carbonate-rich lake sediments. The high concentration of Ca-P in
sediment was due to the calcareous recharge (Sun et al., 2009). Drainage water in the
present study site are not only receiving discharge from livestock farms but also from the
sea water through the intake canal for dilution, and it may have a high concentration of
calcium carbonate.
It seems that only loosely-P fraction was released from sediment into overlying water
under aerobic conditions. However, Table 3.3 indicates both loosely-P and Fe-P
fractions were the main components contributing to the increase in the concentrations of
P in the overlying water under anaerobic incubation. The contribution of loosely-P was 3
times higher than that of Fe-P. Higher P release only occurred in anaerobic conditions
due to reduction of Fe3+ to Fe2+, resulting in P release from sediment into the overlaying
water. In addition, the pH is a factor controlling the solubility of P as pH decreased the
solubility of P increased (Gomez et al., 1999).
Table 3.2 Phosphorus fractions in sediment before and after 10-day incubation (mg kg-1)
P

Before

fractions

incubation

After aerobic incubation
pH 4

pH 7

pH 10

After anaerobic incubation
pH 4

pH 7

pH 10

loosely-P

16.1±0.3

13.6±0.2a

12.3±1.6a

13.7±0.9a

7.2±0.5b

7.4±1.5b

7.7±0.4b

Fe-P

17.5±1.7

16.6±1.3a

18.0±0.1a

17.7±1.4a

14.6±0.1 b

14.9±1.1b

15.0±1.3b

Al-P

25.5±1.0

26.0±5.2a

27.5±2.3a

26.3±2.8a

25.9±3.7a

28.2±3.8a

27.7±2.9a

Ca-P

99.2±4.2

101.9±9.0a

98.1±6.2a

100.6±10.3a

98.8±8.9a

93.4±17.5a

95.6±4.6a

Org-P

22.7±3.3

24.5±3.5a

25.2±5.5a

22.4±3.3a

24.6±0.7a

24.4±3.2a

23.1±3.9a

The amounts of P released are expressed as mean ± standard deviation. Data with the same letters
a, b

are not significantly different between aerobic and anaerobic conditions at the same pH (p > 0.05;

t-test for comparison).

Table 3.3 Loosely-P and Fe-P fractions in sediment and the total amount of P released
from sediment under anaerobic conditions after 10-day incubation
pH

pH 4

pH 7

pH 10

Loosely-P (mg kg-1)

8.9 ± 0.5

8.7 ± 1.5

8.4 ± 0.4

Fe-P (mg kg-1)

2.9 ± 0.1

2.6 ± 1.1

2.5 ± 1.2

11.3 ± 0.2

9.4 ± 0.3

10.1 ± 0.5

Total released amount (mg kg-1)
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The effect of pH on P release is also reflected through the P speciation in combination
with metal oxides or hydroxides and is exchangeable with OH –. These are the reasons
why the amounts of P release are higher at acidic and alkaline conditions than that at
neutral conditions. On the other hand, Al-P and Ca-P fractions in sediment remained
unchanged after incubation. The Ca-P fraction, which represents the P fraction sensitive
to low pH, seems to be stable in sediment (Gonsiorczyk et al., 1998, Kaiserli et al., 2002,
Wang et al., 2006b), although it was released in sediment when maintained at extremely
low pH 3 (Gao, 2012). Moreover, Ca-P was considered to be the immobile form without
biological activities (Reddy and Delaune, 2008, Gomez et al., 1999). Wang et al. (2008)
concluded that Ca-P and OP of sediment from Lake Meiliang did not change after
incubation under anaerobic conditions. Accordingly, anaerobic conditions associated
with low pH enhanced the P release during the incubation.
3.3.4 Changes in pH during incubation
Figure 3.2A & 3.2B show the buffer capacity of sediment and reactions under oxidized
and reduced conditions in controlling pH in water column. Although pH values of added
solutions were adjusted at 4, 7, or 10 before the experiment, they tended to either
increase or decrease towards the original pH level of sediment on the first day of
incubation. However, changing in pH levels during incubation under anaerobic
conditions were higher than those of aerobic conditions (Fig. 3.2A & 3.2B) as a result of
denitrification (Rust et al., 2000) because the reduction of nitrate to gaseous nitrogen
with an organic substrate as an electron donor. Consequently, carbon dioxide and
hydroxide (OH-) were produced, which may form bicarbonate (HCO3-) and carbonate
(CO32-) (Drtil et al., 1995):
Wang et al. (2008) also suggested that the rapid increase in pH within one day in the
overlaying water occurred for the sediments at different oxygen supply levels. According
to Jiang et al. (2006), the changes of pH during incubation were due to the
photosynthetic and denitrification processes. We incubated samples in the dark so that
algae did not develop. On the other hand, the pH of water was controlled by sediment
pH because of the soil buffering function. The P release under different pH indicated that
the initial pH affected P release from sediment (Fig. 3.1).
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Fig. 3.2 Change in pH during the experiment: (A): aerobic; (B): anaerobic.

3.4 Conclusions
The P release experiments were conducted using ADD sediments from Kasaoka Bay
reclaimed land at three pH values and under aerobic/anaerobic conditions. Results
showed that the amounts of P released varied under different pH and O 2 conditions. The
P released was significantly higher under anaerobic conditions than those under aerobic
conditions. The amount of P released from sediment at acidic pH was higher than that at
alkaline or neutral pH or was higher at alkaline pH than acidic or neutral pH. Loosely-P
and Fe-P fractions were the main contributors to P in overlaying water. High amounts of
P released to water under anaerobic conditions were associated with low pH because of
the reduction of Fe oxy-hydroxides. The results suggest that drainage ditches should be
maintained in the presence of oxygen to diminish the concentration of P in surface water.
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Abstract
Internal loading of P in drainage ditches may be sufficient to enhance eutrophication in
aquatic systems under certain conditions. This study aimed to determine the effects of
dissolved oxygen (DO) concentrations on P flux across the sediment-water interface.
The study was conducted in a drainage ditch that receives discharge from livestock
farms. The diffusion in situ was estimated according to Fick’s first law equation using P
concentrations in pore water and the overlying water. The overlying water and intact
sediment cores were taken at the same location and time and incubated under
anaerobic or aerobic conditions to determine the effects of DO on P fluxes based on the
time-course of changes of P concentrations in water columns for 21 days in the
laboratory. The diffusion of P across the sediment-water interface in the field was 9.79 ±
0.60 mg m-2 day-1 from sediment to the overlying water. In the laboratory, the fluxes of P
were 1.76 ± 0.48 mg m-2 day-1 from sediment to overlying water under anaerobic
conditions and 1.57 ± 1.05 mg m-2 day-1 from water into sediment under aerobic
conditions. The upward diffusion of P under anaerobic conditions may be related to the
reduction of iron-bound P. These results highlighted the role of oxygen in regulating P
diffusion at the sediment-water interface. Accordingly, the low oxygen concentration in
the drainage ditch was a reason for P release from sediment.
Keywords: flux, oxygen, phosphorus, sediment-water interface
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4.1 Introduction
Phosphorus is the most important element in the eutrophication process. The
accumulated P in the sediment in agricultural drainage ditches (ADD) poses a threat to
the ecology because it can enhance eutrophication (Hill and Robinson, 2012). Drainage
from agricultural farming is tightly coupled with downstream aquatic ecosystems. The
concentrations of dissolved reactive P (DRP) and TP in a water body are dependent on
internal and external loadings. Internal loading leads to a high P concentration in a water
column although external loadings are curtailed (Ogdahl et al., 2014).
Reduction-oxidation (redox) reactions play an important role in the fate of P . When
sediment is covered by water, a number of biogeochemical processes occur, resulting in
either an increase or a decrease in the concentration of P in the overlying water (Moore
et al., 1998, Zhang et al., 2013a). Under anaerobic conditions, the reduction of iron
oxyhydroxides results in the diffusion of P from sediment into the water column (Moore
et al., 1998). Decomposition of plant tissues also increases the release of P into the
water column. A high water temperature stimulates the activities of microorganisms, and
thus promotes the degradation of organic matter (OM), resulting in the release of P
(Hopkinson et al., 2001).
The mechanisms that control P flux at the sediment-water interface are generally related
to dissolved oxygen (DO) concentrations (Moore et al., 1998). Phosphorus diffusion can
be estimated in situ by measuring the change in P concentration in the water column
inside a benthic chamber (Mozeto et al., 2001, Hill and Robinson, 2012, Mhamdi et al.,
2007) or based on the concentration gradient in the pore-water profile according to
Fick’s first law (Zhang et al., 2013a). The maximal P flux can be measured in the
laboratory by a simple regression analysis of the concentration vs. time curve during
incubation of the intact sediment-water column (Moore et al., 1998, Ogdahl et al., 2014).
It is important to understand how P diffuses across the sediment-water interface and its
contribution to downstream aquatic systems. In this respect, there have been numerous
studies that measured P flux in lakes (Reddy et al., 1996, Boström et al., 1988, Moore et
al., 1998, Ogdahl et al., 2014), in river estuaries (Zhang et al., 2013a), and in situ
wetland ditches (Hill and Robinson, 2012). However, measurement of P flux in drainage
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ditch sediment during both in situ and sediment-water column incubation has not been
documented as an estimation of P internal loading.
Kasaoka Bay is located in the southwestern part of Okayama Prefecture, Japan.
Agricultural activities on the reclaimed land with an area of 1,191 ha were established in
1990. The north area is divided into three sectors: 99 ha of livestock and horticulture
(LHA), 176 ha of livestock farms (LA), and 132 ha of grass land (GLA) for dairy cattle.
Algae blooms have occurred recently in drainage ditches, especially in the downstream
areas and the stabilization pond (Fig. 4.1) because the concentrations of DRP in water
of drainage ditches are as high as 0.30–1.37 mg L-1. Sharpley et al. (1999) noted that
the eutrophication threshold value for P was 0.02 mg L-1. In addition, our surveys on
water quality since 2008 have demonstrated that the ditches were contaminated with
nitrogen (N) and P throughout the years (Maeda et al., 2011). In response to the
problems, the estimation of internal loading of P is significant for eutrophication
management. Determination of P flux from sediment to manage P losses from ditches
are needed (Vaughan et al., 2007). So far, although P release from and adsorption onto
sediments of drainage ditches have been reported, the estimation of P flux from ADD
sediment have not been investigated. The aim of this study was to assess the P flux at
the sediment-water interface of an ADD in situ and to determine the effects of DO
concentrations on P diffusion from intact sediment cores.
4.2 Materials and methods
4.2.1 Study area and sampling
Soil is classified as gray lowland soil for agriculture in Kasaoka Bay. The agricultural
land is 2–3 m below the sea level. The present study was conducted in a drainage ditch
which receives discharge mainly from livestock farming (Fig. 4.1). The ditch is
approximately 1,850 m long, 3 m wide and the water level is 0.35 m deep. The ditch
used for this study is connected to the main canal downstream. The supply water is from
Takahashi River to the farm pond through the pipelines. The water in the farm pond is
redistributed to irrigate farmland areas. All water discharges from the agricultural areas
are transferred by the main canal to the stabilization pond. Water in the stabilization
pond is pumped out to the sea.
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Fig. 4.1 Sampling locations: U (upstream), M (midstream), D (downstream).

The seawater enters into the main canal from the intertidal zone in the east.
Concentrations of N and P in the studied ditch were higher than those in LHA and GLA
ditches. Intact sediment cores and overlying water samples were taken within a 1 m
radius from the center of the ditch downstream. Nine intact sediment cores were
manually obtained to 10 cm depth by inserting acrylic tubes (5.5 cm in diameter) directly
in September, 2014. The sampling depth was determined because redox reactions
occurred within 10 cm of drainage ditches (Hill and Robinson, 2012).
4.2.2 Field flux estimation
Phosphorus diffusion was estimated in triplicate from the difference in concentrations of
P in pore water and the overlying water, which were sampled and sectioned in situ into
0–2, 2–4, 4–6, 6–8, and 8–10 cm layers in plastic zipper bags. Inorganic P (IP) in pore
water sample fractions and sediment porosities were analyzed in the laboratory. Upward
diffusion of P from sediment into the overlying water at the sediment-water interface
refers to material transport in response to a chemical potential gradient accorded to
Fick’s first law of diffusion (Boudreau, 1996) as Eq. (1):
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𝜕𝐶

𝐽 = −𝐷𝑠 𝛷 𝜕𝑧

(4.1)

where J is the diffusion (mg m-2 day-1), which is calculated for the top 2 cm of the
sediment layer. The points 0 cm (sediment-water interface), –1 cm (below sediment–
water interface), and +1 cm (above sediment-water interface) were considered for
gradient estimation, Ds is the diffusion coefficient, Ds = D0 (1-lnɸ2), and D0 is the molar
diffusion, which is dependent on sediment porosity and temperature (Krom and Berner,
1980). Its value at 25oC is 8.46 × 10-6/cm2/sec, ∂C/∂z is the concentration gradient of
DRP in the vertical direction (concentration per unit distance, g/m 3), and ɸ is the porosity
of the sediment, which was calculated according to the equation of Berner (1980):
𝛷=

𝑊𝑝𝑤
𝑊
𝑊𝑝𝑤 +( 𝑠 )

(4.2)

𝐺𝑠

where Wpw is the weight of pore water in sediment expressed in grams, Ws is the weight
in grams of dried sediment, Gs is the specific gravity, which is assumed to be a constant
of 2.65 g cm-3.
4.2.3 Intact sediment core incubation and flux measurement
Six intact sediment cores used for incubation experiments were capped on both sides
under water by silicone stoppers and transported to the laboratory within 3 h in a cooler
box. The internal loading of P was studied by experiments simulating two different DO
concentrations (O2 saturated and zero) and field temperature incubation (Table 4.1). The
experiment was conducted in triplicate to estimate DRP and TP fluxes at the sedimentwater interface. After being transported to the laboratory, the overlying water in the cores
was siphoned off and replaced with approximately 120 mL of field water (5 cm overlying
water) using a syringe without disturbing the sediment surface (Fig. 4.2). For the
anaerobic treatment, the overlying water was purged with N 2 gas (NP) until saturated
after every day sampling, while aerobic sediment cores were maintained O 2 saturated
with an aquarium pump (LUNG, GX500N, GEX, Japan) during the experimental period.
The P daily flux estimation is representative of real conditions in a ditch because DO
concentrations and temperatures in the ditch fluctuate seasonally (Table 4.1).
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Fig. 4.2 Column incubation under different conditions: (a) NP

(nitrogen purged) or OP (oxygen provided), (b) vent tubes, (c)
sampling ports.
All sediment cores were wrapped in aluminum foil to exclude light in order to diminish
algae development, then incubated at room temperature (25oC) for 21 days. Thirty
milliliters of the overlying water was removed daily and replaced with field water. The
average fluxes of DRP and TP in water columns for 21 days were calculated from the
change of P concentration in the water column using the equation (3):
𝐹=

𝑉(𝐶𝑡 −𝐶0 )
𝐴𝑡

(4.3)

where F is the net P release (positive values) or retention (negative values) (mg m -2 day1

), Ct and C0 (mg m-3) are concentrations of P on day 21 and day 0, respectively, V is the

volume of the overlying water (m3), and A is the area of the sediment surface (m2).
4.2.4 Sample analysis methods
4.2.4.1

Pore water collection

Sediment of each layer was centrifuged to separate gradients of the P concentrations in
pore water and filtered through a 0.2 µm membrane filter for DRP analysis (Moore and
Reddy, 1994, Zhang et al., 2013a).
4.2.4.2

Phosphorus fractionations procedure
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The P fractionations was subjected to the sequential extraction scheme of Rydin (2000).
The loosely absorbed P (loose-P) was extracted with 1 M NH4Cl solution for 2 h. Ironbound P (Fe-P) in the residue was extracted with 0.11 M NaHCO3/Na2S2O4 for 1 h.
Subsequently, aluminum-bound P (Al-P) and organic P (Org-P) were extracted from the
residue with 0.1 M NaOH for 16 h. While Al-P was directly analyzed from the extraction
solution, another part of the solution was digested with K 2S2O8 for 30 min at 120oC, then
the product in the form of PO4-P was analyzed (total NaOH-P). The concentration of
Org-P is the difference between the total NaOH-P and Al-P. The last fraction, calciumbound P (Ca-P), was obtained by extracting the residue with 0.5 M HCl for 16 h.
Extracted solutions were centrifuged at 3000 rotations per minute (rpm) for 10 min and
the supernatant was filtered through a 0.2 µm membrane filter for fraction analysis.
Water samples were analyzed according to the method of Murphy and Riley (1962).
Water samples were filtered through a 0.2 µm filter (DISMIC-25AS, Advantec, Japan) to
determine DRP concentrations. An unfiltered 10 mL water sample and 2 mL reagent of
K2S2O8 were digested at 120oC for 30 min, and the product PO4-P was analyzed for TP.
Concentration of PO4-P was determined by the spectrophotometric method using a
continuous flow auto-analyzer (QuAAtro 2-HR, Bltec, Japan).
Sediment samples were subjected to measurements of pH and electrical conductivity
(EC) at soil: water ratio of 1:5 after shaking for 1 hour at 175 rpm, using a digital pH
meter (F-23, Horiba, Japan) and EC meter (DS-14, Horiba, Japan), respectively. The
total carbon (TC) and total nitrogen (TN) were determined by the dry combustion method
with C/N Coder (CMT-700, Yanaco, Japan). The soil particle-size distributions were
analyzed by the pipette method.
A two-tailed t-test was used to evaluate the significance of differences between the
fluxes of DRP or TP under anaerobic and aerobic conditions. Statistical comparison
tests were conducted at a level of significance of p = 0.05.
4.3 Results and discussion
4.3.1 Water quality parameters of drainage ditch
Table 4.1 shows the differences in water quality parameters upstream, midstream, and
downstream of the drainage ditch on different days in 2014. The concentrations of N and
P downstream were higher than those upstream and midstream. Differences in N and P
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concentrations between sampling days were observed, and the highest concentrations
of TP and DRP in drainage water were in September. The P concentration in pore water
and its fractions in sediment are shown in Figs. 4.3 & 4.4. Iron-P, Ca-P, and Org-P
fractions and pore-water P decreased with increasing depth, whereas the topmost
loose-P and Al-P fractions were lower than those in the 2–4 cm layer. The main fraction
of P, which was bound to calcium, occupied more than 50% of the total IP. A high
concentration of the Ca-P fraction is in the form of CaHPO4 and/or apatite
(Ca5(OH)(PO4)3) when the concentration of calcium is high in the environment (Mhamdi
et al., 1994). The second largest P fraction was in organic form. Maximum
concentrations of both total IP fractions and pore water P were recorded in the topmost
sediment layer, which may be related to the OM concentration (Zhang et al., 2013a).
The high concentration of Ca-P in sediment was due to the calcareous recharge from
the water inflow from the sea for dilution (Nguyen et al., 2014). In addition, the biological
processes induced CaCO3 precipitation to P retention in calcareous lakes (Boström et
al., 1988).
Phosphorus concentrations of pore water decreased from 7.25 mg L -1 in the topmost
layer to 4.2 mg L-1 in the deepest layer. This distribution of P in different sediment layers
may be related to physical conditions and exterior input of P (Liu et al., 2004). Moore et
al. (1998) reported that higher DRP concentration near the surface sediment in summer
increases mineralization of organic P and causes more reductive conditions. These
indicate that the upward diffusion occurred from the top layer into overlying water and
that the downward diffusion is from the top to deeper layers. Loosely-P and Fe-P
fractions were the main sources of P released from sediment to overlying water in
drainage sediment in Kasaoka (Nguyen et al., 2014). In addition, Fe-P is considered a
redox sensitive form, whereas Al-P is redox insensitive and Ca-P is stable in the
environment (Ogdahl et al., 2014). Accordingly, under anoxic conditions, Fe3+ is reduced
to Fe2+ as a result of the P release from sediment. Table 4.2 illustrates the fundamental
characteristics of drainage ditch sediment. The silt accounted for the two-third of fraction
distribution. High pH and EC values of the sediment suggest that the drainage sediment
was affected by seawater intrusion from inflow (Fig. 4.1).
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Table 4.1 Water quality parameters in the drainage ditch in 2014
T
[℃ ]

Date/
locations

DO
(mg L-1)

pH
[-]

EC
(dS cm-1)

TN
(mg L-1)

NO3-N
(mg L-1)

NH4-N
(mg L-1)

TP
(mg L-1)

DRP
(mg L-1)

January
U

7.3

11.45 7.75

5.09

0.88

0.05

0

0.03

0.01

M

7.3

11.39 7.75

3.47

4.40

2.90

0.28

0.71

0.69

D

7.3

0.26 7.58

3.68

11.19

0.03

5.60

1.85

1.47

U

17.8

9.65 8.04

4.96

0.91

0.14

0

0.23

0.18

M

19.3

9.76 8.21

3.95

2.10

2.19

0.01

0.98

1.02

D

18.4

2.97 7.96

3.86

6.34

0.94

2.35

1.46

1.42

U
M

25.3
22.7

5.83 7.96
4.87 8.03

4.16
4.33

2.27
3.76

0.05
0.87

0.21
0.25

0.41
1.58

0.38
1.53

D

24.8

0.61 7.73

2.02

9.15

0

6.19

1.88

1.57

U

7.8

9.30 7.62

2.87

4.20

3.17

0.01

0.17

0.15

M

8.2

11.73 7.59

3.38

14.89

11.91

0.11

1.41

1.29

8.1

7.4

3.40

15.90

11.53

0.45

1.39

1.23

April

September

December

D

7.38

o

T C: temperature, DO: dissolved oxygen, EC: electrical conductivity, TN: total nitrogen, NO 3-N:
nitrate nitrogen, NH4-N: ammonia nitrogen, TP: total phosphorus, DRP: dissolved reactive
phosphorus, U: upstream, M: midstream, D: downstream.

Table 4.2 Physiochemical properties of drainage ditch sediment
Sediment and water parameters

Concentrations

Sediment
TC (%)

4.32

TN (%)

0.36

TP [mg kg-1]

640

pH

7.8
-1

EC [dS m ]
Particle sizes

2.5

Clay (%)

7

Silt (%)

66

Sand (%)

27

TC: total carbon, TN: total nitrogen, EC: electrical conductivity.
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Pore water P concentration ([mg L-1)

P fractions in sediment (mg kg-1)
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Fig. 4.3 P fraction concentrations in
sediment (n=3).
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-10
Fig. 4.4 Pore water P concentration profiles
(n=3).

4.3.2 Phosphorus diffusive flux
The upward flux of P from sediment to the overlying water is described in Table 4.3. The
diffusion value was relatively high due to the high concentration of P in pore water in the
sediment top layer (Moore et al., 1991). The average flux was 9.79 ± 0.60 mg m -2day-1.
The diffusion of P in the present study was much higher than that in previous studies.
For example, the diffusive flux in drainage ditches in the Catcott Lows wetland reserve
ranged from 0.33 to 1.30 mg m-2day-1 and the flux was significantly correlated with
Al/Fe-bound P and degree of P saturation of sediment (Hill and Robinson, 2012).
Likewise, the flux of P from sediment to overlying water in Suma Park, Australia was
0.10 ± 0.07 mg m-2 day (Chowdhury and Bakri, 2006), -14.46–4.92 mg m-2day-1 in the
Pearl River estuary (Zhang et al., 2013a), and 0–6.19 mg m-2day-1 in Massachusetts,
USA (Hopkinson et al., 2001). The pore water concentration regulated the P flux from
sediment into overlying water (Moore et al., 1991). The value of upward flux from top
layer to the overlying water was much higher than downward fluxes from top layer to
deeper layers.
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Table 4.3 Phosphorus diffusive flux across sediment-water interface
Samples

ɸ

∂C dz-1
-4

J

(µg cm )

(mg m-2day-1]

1

0.57

-2.90

9.59

2

0.59

-2.47

9.33

3

0.62

-2.12

10.47

Mean ± SD

0.59 ± 0.02

-2.50 ± 0.39

9.79 ± 0.60

4.3.3 Phosphorus-incubated fluxes
Figure 4.5 shows the temporal variations of DRP and TP concentrations in water
columns under aerobic and anaerobic conditions for 21 days. The concentration of DRP
in the water column increased gradually from 1.95 mg L -1 on day 1 to 2.40 mg L-1 on day
9, then remained stable until the end of the experiment under anaerobic conditions. In
contrast, the concentration of DRP under aerobic conditions increased slightly from 1.65
mg L-1 on day 1 to 1.82 mg L-1 on day 8, then decreased dramatically to 0.92 mg L-1 by
day 21. Total P patterns showed a similarity with those of DRP under aerobic conditions.
The decline in concentrations of both DRP and TP in water columns was accompanied
by oxygenated sediment cores after 8 days of incubation. The changes of DRP and TP
concentrations were different depending on the time of incubation. Under anaerobic
conditions, the steepest straight line of DRP was found on days 1 and 9, whereas that of
TP was found in the third week of incubation. However, under oxygenation, the steepest
drop of both DRP and TP were observed in the last week of incubation. In other words,
the negative diffusion of P indicates that P came from the water column to the sediment,
though P tended to be slightly released in the first week of incubation. Similarly, Zhang
et al. (2013a) found that the negative fluxes in most sites in the Pearl River estuary were
attributed to iron hydroxide adsorption of P.
The maximum flux was observed under anaerobic conditions from day 1 to day 9 due to
release from the sediment. The result showed that P fluxes quickly reached equilibrium
on day 9 under anaerobic conditions and may be due to the high concentration of P in
input water, indicating the role of P in the water column in regulating P flux from
sediment (Moore et al., 1998). Concentrations of DRP and TP in water columns did not
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change until the end of the experiment (Mhamdi et al., 1994). The incubated fluxes of
DRP and TP were the differences between the two oxygen conditions (p < 0.05) shown
in Table 4.4. Flux rates of DRP and TP were remarkably higher in anaerobic sediment
cores, with values of 1.76 ± 0.48 and 2.15 ± 0.37 mg m-2day-1, respectively, and
anaerobic sediments acted as a source of P during the incubation. On the contrary,
aerobic sediment cores acted as a sink of P in this study. On the average, daily rates of
DRP and TP adsorptions onto sediment were 1.57 ± 1.05 and 2.29 ± 0.77 mg m-2day-1,
respectively. The amount of P absorbed into aerobic sediment cores was nearly three
times higher than that released from anaerobic sediment cores. According to Hill and
Robinson (2012), the oxidized surface of the sediment results in reformation of Fe
oxides with high capacity to absorb P. In addition, the flux was much greater under
anaerobic conditions demonstrating physicochemical conditions, and negative flux was
observed under aerobic conditions (Moore et al., 1998). These results were comparable
to the fluxes of P in Taylor Creek and Fisheating Creek under anaerobic conditions
which were 12.3 mg m-2day-1 and 3.7 mg m-2day-1, respectively, suggesting that the
water column DRP concentration can play an important role in P flux from sediment
(Moore et al., 1998). Under different oxygen levels, transformation between different P
fractions occurred due to biological activities (Wang et al., 2008).
Table 4.4 DRP and TP fluxes in incubated columns
Sediment-water
columns

DRP

TP

F (mg m-2day-1)

F (mg m-2day-1)

NP

OP

NP

OP

1

1.71

-2.72

2.14

-3.02

2

2.26

-0.68

2.53

-2.35

3

1.31

Mean ± SD

-1.30
a

1.76 ± 0.48

-1.57 ± 1.05

1.79
b

-1.49
a

2.15 ± 0.37

-2.29 ± 0.77b

a-b

Significantly different fluxes of DRP or TP between aerobic and anaerobic

conditions (p < 0.05).
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4.0
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a
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1.0

b

0.5
0.0
0
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9
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Time [days] (n=3)
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DRP concentration (mg L-1)
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3.5
a

3.0
2.5
2.0
1.5
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0.0
0

3

6

9 12 15 18 21

Time [days] (n=3)

Fig. 4.5 Changes in DRP and TP in water columns.
NP: nitrogen purged (anaerobic), OP: oxygen provided (aerobic), DRP: dissolved reactive
phosphorus, and TP: total phosphorus.

a-b

Letters indicate significant differences between the

two treatments (p < 0.05).

According to Nguyen et al. (2014), P released from sediment to overlying water in
Kasaoka drainage ditch was mainly from loose-P and Fe-P. Assuming that the top 0–10
cm of sediment is responsible for P flux, the concentrations of P in these forms are
sufficient to release P for a period of 5.4 years without external loading under anaerobic
conditions. In fact, the top sediment suffered from high loadings of P from livestock
farming. On the other hand, the sediment has a high potential to remove P from
drainage water, with a value of 1.57 ± 1.05 mg m-2day-1when the sediment core is
oxygenated. These results suggest that oxygen should be maintained in a drainage
ditch to diminish P in both drainage water and downstream aquatic systems.
4.4 Conclusions
This study indicates the importance of the superficial sediment in regulating P flux
across the sediment-water interface in drainage ditches. The diffusion of P from
sediment into the overlying layer was 9.79 ± 0.60 mg m -2day-1. This demonstrated that
the drainage ditch receives discharge from livestock farming with a high concentration of
P. The study emphasizes the importance of the oxygen concentration on P fluxes across
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the sediment-water interface of ADD by estimating fluxes in intact sediment-water
columns in the laboratory. When a ditch is maintained with an air supply, the sediment
can increase P absorption up to 1.57 ± 1.05 mg m-2day-1. However, 1.76 ± 0.48 mg m2

day-1 from sediment diffused into overlying water under anaerobic conditions. Our study

may assist in planning the best technical options for water contamination management
by improving P retention capacity in sediment.
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Abstract
Understanding the sources and sinks of nutrients is of significant importance for better
management of pond water quality and the environmental impact of aquaculture. The
objective of the present study was to estimate the nutrient mass balances of four
intensive shrimp (Litopenaeus vannamei) ponds in Tam Giang Lagoon, Central Vietnam,
using a sludge management regime. The nutrient budgets were calculated based on the
sources and sinks of nutrients in the ponds over a period of 49 days. The input sources
of N and P were mainly shrimp feed, which accounted for more than 90%. Shrimp
harvesting was the largest sink of N (37.5%) but not of P (18.3%). Almost a 30.4% N
and 16.9% P of input were not accounted for in measured losses. While the smallest
proportion of N (18.9%) was retained in sludge, the largest amount of P was
accumulated in sludge (53.2%). The farm was operated without water exchange, so
ponds gained only 1.9% N and 4.2% P from water intake. The pond lost about 13.2% N
and 11.6% P from discharge water. Production of each kilogram of shrimp needed 84.9
g N and 26.1 g P from total input sources and discharged 47.3 g N and 16.0 g P to the
environment. Environmental losses of nutrients were lower or intermediate when the
loads were expressed in both kg ha-1cycle-1 and kgN/P ton-1. Furthermore, the
environmental impacts of aquaculture are controlled from the system.

Keywords: shrimp pond, Litopenaeus vannamei, nutrient mass balances, nitrogen,
phosphorus
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5.1 Introduction
Rapid development of shrimp farming has generated considerable concerns about the
effects of aquaculture pond effluents on nearby aquatic ecosystems due to increasing
nutrient input (Páez-Osuna et al., 1997). Higher stocking densities of shrimp in ponds
usually increases feeding rates with a concurrent increase in accumulation of sludge
(Velasco et al., 1999), which exacerbates problems with water quality and sediment
deterioration. The water quality in ponds varies with the intensity of farming (Pillay,
2004), and the deterioration of water quality in intensive culture ponds has been mainly
related to organic matter, total nitrogen, and inorganic P (Ma et al., 2013). The feed
ration is estimated from the shrimp biomass in ponds, and intensive culture methods
require more feed input. On the other hand, the growth of shrimp in an extensive system
depends fully on natural food organisms, and in semi-intensive culture systems, both
supplemental feed and natural food organisms are used (FAO, 1986).
According to International Union for Conservation of Nature (IUCN & IISD) , shrimp
farms on sandy land utilize unproductive land and offer opportunities for development of
methods of shrimp disease management. However, one of the biggest challenges for
shrimp culture is how to simultaneously overcome environmental and economic
concerns by implementing management strategies to reduce water contamination and
sludge (Jackson et al., 2003) because large amounts of nutrient inputs are lost to the
environment (Casillas-Hernández et al., 2006). In response to this, enhancing nutrient
recovery through the shrimp harvest and reducing environmental problems should be
applied to intensive shrimp culture. Removing sludge accumulated at the bottom is
considered to be an effective technique that can reduce up to 67% of the nitrogen added
as feed (Hopkins et al., 1994). Furthermore, pond effluents and sludge disposal need
much more attention for sustainable aquaculture development because sludge removal
takes materials out of the ponds before they are mineralized and release inorganic
nutrients into the water column. Sludge removal coupled with water exchange methods
is acceptable in reducing the nutrient concentration and risk of shrimp diseases.
Previous works have presented methods to improve water quality and productivity of
intensive shrimp ponds. So far, very few reports have described the nutrient mass
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balances in aquaculture on sandy lands that may have different pond bottom
characteristics, especially in ponds with a sludge removal regime.
Nutrient mass balances that account for all inputs and outputs should be examined to
assess environmental impacts of aquaculture (Teichert-Coddington et al., 2000,
Shahidul Islam et al., 2004). Many studies have calculated nutrient mass balances in
extensive shrimp ponds , semi-intensive ponds (Teichert-Coddington et al., 2000,
Shahidul Islam et al., 2004, Casillas-Hernández et al., 2006), and intensive ponds
(Jackson et al., 2003, Mariscal-Lagarda and Páez-Osuna, 2014). We need to elucidate
the nutrient budgets in the system for sustainable development. The objective of the
present study was to estimate the nutrient mass balances for intensive shrimp culture in
Tam Giang Lagoon, Central Vietnam, using a sludge management regime.
5.2 Materials and methods
5.2.1 Study area description and pond management
Tam Giang Lagoon, located in Central Vietnam, is the largest lagoon in Southeast Asia
with a total surface area of 22,000 ha (Frignani et al., 2007). Aquaculture in the lagoon
has been developed since the 1970s, and shrimp culture began in the early 1990s. It
quickly became a very important economic sector at the end of the 1990s and early
2000s. Farming of L. vannamei in Central Vietnam is more intensive (8%) than in other
regions of the country (Hung and Quy, 2013). The C.P. Group, belonging to the Charoen
Pokphand Group of Thailand, has invested in L. vannamei shrimp farming on sandy land
located in the north part of the lagoon (Fig. 5.1), Thua Thien Hue Province, Vietnam,
since 2011. The shrimp farm has an area of 180 ha in total for industrial shrimp
production. The first shrimp production cycle was operated in the spring from March to
May 2013 (49 days). Before being transferred to grow-out ponds, post-larvae (PL) were
reared with a density of 8,000 PLs per m-3 in a 300 m2 pond in a greenhouse to the size
of approximately of 2,000 larvae per kg in order to minimize mortality and to reduce the
grow-out culture period. Seawater was pumped directly from the sea into the
pretreatment pond and mixed with fresh groundwater to get a salinity of 28–30 parts per
thousand (ppt). Intake water was delivered to the ponds through a network of plastic
pipes. L. vannamei shrimp were cultured at two sub-farms, A and B, consisting of 59
grow-out ponds; sub-farm C, rearing ponds in a greenhouse; and sub-farm D, under
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construction for grow-out ponds. Four grow-out ponds at sub-farm A were randomly
selected to monitor water and sludge quality and calculate nutrient mass balances. An
average stocking density of shrimp in four ponds was 70 m -2. Characteristics of ponds
which are used for mass balance estimation was described in Table 5.1. Shrimp were
fed four times per day (07:30, 12:00, 17:00, and 22:00) with 40% crude protein
commercial diet of C.P. Shrimp Feed (Thakur and Lin, 2003). The initial feeding rate was
9.5% of the biomass of each pond with adjustment according to apparent consumption
through feeding trays. The daily rations were decreased to 1.5% of biomass at
harvesting phase. Figure 5.2 shows the layout of the ponds used in the present study.
Pond bottoms and dikes were lined with high-density polyethylene (HDPE) film to
prevent water loss through seepage. Each pond had an average area of 0.43 ha, a
depth of 1.4 m, and six electric aerators (12 house power (H.P)) arranged to circulate
the flow in the pond.
In this way, sludge accumulation from uneaten feed, feces, detritus, suspended solids,
and dead organisms was gathered in the center of the ponds, where a drain was placed.
Effluent and sludge was physically removed from the pond bottom by PVC underground
pipe lines connected the center of the ponds to an effluent canal 20, 30, 40, and 49 days
after larvae being stocked. To prevent shrimp leaving from the ponds during sludge
removal, the central drain was equipped with a screen rack, an overflow mesh weir, and
a drain valve. This method has the advantage of allowing removal of the sludge and
cleaning of the pond bottom flexibly throughout the culture period. An automatic feeding
technique is used to deliver commercial feed to shrimp.
Table 5.1 Characteristics of ponds for which nutrients mass balance estimation
Ponds

density
-2

MBW

Survival

Yield
-1

-1

FCR

dration

Feed used

(days)

(kg ha-1cycle-1)

(No. m )

(g)

(%)

(kg ha cycle )

1

70.0

15.9

64

7111.1

1.17

45.0

9386.7

2

71.0

10.0

68

4828.0

1.28

53.0

6952.3

3

71.0

15.2

72

7745.5

1.45

47.0

12625.1

4

68.0

17.9

70

8500.0

1.47

51.0

14025.0

Mean

70.0 ±1.4

16.2±3.3

69±3.4

7046.1

1.34±0.2

49.0±3.7

10747.3

MBW: mean body weight, FCR: Feed conversion rate (dry weight of feed/ wet weight of shrimp
harvest).
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Fig. 5.1 Shrimp farm location.
A, B are sub-farms for grow out ponds, C is sub-farm in greenhouse for post-larvae
rearing, and D is under construction for grow out.

Fig. 5.2 Pond layout using sludge management regimes.
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5.2.2 Sampling and analytical methods
Pond water samples were taken weekly from each pond at 20-cm below the water
surface according to the method of Jackson et al. (2003). The intake water samples
were collected before they entered the ponds, while the discharge samples were
obtained inside the ponds before sludge was removed. The “initial” samples were those
collected immediately before post-larvae stocking, and the samples collected during
harvesting phase were designated as “final”. Triplicate sludge samples were collected at
the end of the pipe outside the pond in the drainage canal, and the water content of
sludge was calculated after being dried for 24 h at 105oC.
Water samples were filtered through a 0.2 µm filter (DISMIC-25AS, Advantec) to
determine NH4-N, NO3-N, and PO4-P concentrations. An unfiltered 10 mL water sample
and 2 mL reagent of NaOH + K2S2O8 for total nitrogen (TN) or 2 mL reagent of K 2S2O8
for TP were digested at 120oC for 30 min, and the product (NO3-N or PO4-P) was
analyzed for TN or TP (Jackson et al., 2003). The contents of TN in sludge samples and
shrimp feed were analyzed by the dry combustion method using a CN Corder (MT-700,
Yanaco, Japan). Approximately 1 g of air-dried sludge was digested with sulfuric acid
and hydrogen peroxide at 300oC for analysis of TP in the sludge. All water parameters
were measured by the spectrophotometric method using a continuous flow autoanalyzer (QuAAtro 2-HR, Bltec, Japan). For more detail, environmental parameters and
analytical methods are summarized in Table 5.2.
5.2.3 Nutrient mass balance calculation
The general mass balance (5.1) was calculated according to Teichert-Coddington et al.
(2000):
Sin + Fin + Fertin + IPWin + WIin = Sout + PWHout + WDout + RSout + UN (5.1)
where S = shrimp, F = feed, Fert = fertilizer, IPW = initial pond water nutrients, WI =
intake water nutrients, PWHout = nutrients remaining at harvest, WDout = nutrients in
discharged water, RSout = nutrients in sludge removed (dry wt.), and UN = unaccounted
nutrients.
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Table 5.2 Summary methods for analyses of parameters in water and sludge, shrimp,
and shrimp feed samples
Sample parameters

Methods

Water
Temperature (oC)

Digital thermometer in situ

Dissolved oxygen (DO) (mg L-1)

Winkler method (Páez-Osuna et al., 1997)

pH

Potentiometric method ((Páez-Osuna et al., 1997)
-1

Alkalinity (mg L )

Indophenol blue method (Parsons et al., 1992)

Salinity (ppt)

Electrical conductivity method

NH4+-N (mg L-1)

Indophenol blue method (Parsons et al., 1992)

NO3-N (mg L-1)

Colorimetric method (APHA, 2005)

Total nitrogen (TN) (mg L-1)

Digestion method (Grasshoff et al., 1999)

-1

PO4-P (mg L )

Ascorbic acid method (APHA, 2005)
-1

Total phosphorus (TP) (mg L )

Digestion and ascorbic acid method (APHA, 2005)

Sludge, shrimp and shrimp feed
TN

Digestion method (Casillas-Hernández et al., 2006)

TP

Digestion method (Casillas-Hernández et al., 2006)

The total amount of commercial shrimp feed used, quantity of sludge removed, and
yields of each pond were recorded. Fertilizer was not used in this study. Water intake
and discharge volumes were estimated based on the measurement of water levels
inside each pond. No drainage occurred during the production, and the intake water was
to compensate for water losses during sludge removal. Inputs of nutrients through
atmospheric rainfall and nitrogen fixation by blue-green algae were considered
negligible (Jackson et al., 2003, Casillas-Hernández et al., 2006). The study took place
in the spring, and water loss by evaporation was negligible.
5.3 Results and discussion
5.3.1 Water and sludge properties
Table 5.3 shows the water parameters, which were measured daily on site. The
commercial pelleted feed contained 6.02% N, 1.47% P, and 11% water. Shrimp
comprised 29.3% dry matter, 10.88% TN, and 1.33% TP in the whole body. The average
volumes of water losses and compensation were 30% of total pond volume for 10 days
70

Chapter 5
or 2.45% daily over the period. Nitrogen (NH4-N, NO3-N, and TN) and P (PO4-P and TP)
concentrations in the intake and discharge water increased with increasing length of
culture (Table 5.4). These data are in agreement with those of Ma et al. (2013) who also
showed that nutrient concentrations in ponds increased with increasing culture period.
For example, TN concentrations increased from 0.20 to 0.51 (mg L -1), and TP showed
the same trend, from 0.25 to 0.34 (mg L-1) in the first 20 days to final day, respectively.
The concentrations of TN and TP were much higher in discharge water, from 2.5–3.2
(mg L-1) TN and 0.38–1.47 (mg L-1) TP, respectively. On average, total food added and
shrimp harvested per hectare of shrimp pond per cycle were 10,747.3 kg and 7,046.1 kg,
respectively. Farm staff removed an average of 12,709 (±3050) kg ha -1cycle-1 of sludge
(dry wt.) with concentrations of TN and TP of 8.9 and 6.2 g kg-1, respectively.
5.3.2 Nutrient mass balances
The mass balances of TN and TP are shown in Table 5.5. The input source was mainly
shrimp feed, which accounted for more than 90% of nutrient input. The present results
may be comparable with other intensive shrimp ponds in Thailand (Funge-Smith and
Briggs, 1998, Thakur and Lin, 2003), where the majority source of the nutrient input in
the pond (more than 90%) was from commercial pelleted feed. Similarly, Jackson et al.
(2003) reported nitrogen mass balance from intensive shrimp farm in Australia that 90%
of nitrogen input was from shrimp feed. Post-larvae were reared in a greenhouse for one
month before being transferred to grow-out ponds, where shrimp contributed up to 1.8%
of N and 0.9% of P input. For the sinks of N in the ponds, harvested shrimp was the
largest with 37.5% of total input, but not of P (18.3%).

Table 5.3 Water quality parameters in ponds (n = 4)
Temperature (7-8 h – 13h:30-14h:30) (oC)
-1

28.9±0.7– 30.3±0.6

Dissolved oxygen (DO) (mg L ) (7-8 h – 13h:30-14h:30 )

6.2±0.1– 6.5 ±1.3

pH

7.8±0.2 – 8.0±0.3

Alkalinity (mg L-1)
Salinity (ppt)

143.6 ± 20.6
28.9 ± 1.9
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Table 5.4 Nutrient concentrations in samples
Intake water

Discharge water

20 d

0.15 ± 0.01

0.30 ± 0.02

30 d

0.14 ± 0.00

1.50 ± 0.32

40 d

0.33 ± 0.01

2.40 ± 0.02

0.33 ± 0.06

2.90 ± 0.12

20 d

0.03 ± 0.00

0.13 ± 0.01

30 d

0.02 ± 0.00

0.28 ± 0.01

40 d

0.04 ± 0.01

0.34 ± 0.01

0.03 ± 0.01

0.43 ± 0.00

20 d

0.20 ± 0.17

2.50 ± 0.53

30 d

0.24 ± 0.25

2.00 ± 0.70

40 d

0.40 ± 0.03

3.01 ± 0.12

0.51 ± 0.09

3.18 ± 0.78

20 d

0.03 ± 0.02

0.22 ± 0.07

30 d

0.04 ± 0.01

0.30 ± 0.02

40 d

0.08 ± 0.00

0.40 ± 0.07

0.07 ± 0.01

0.76 ± 0.01

20 d

0.25 ± 0.10

0.38 ± 0.07

30 d

0.28 ± 0.04

0.49 ± 0.05

40 d

0.21 ± 0.09

0.64 ± 0.01

0.34 ± 0.03

1.47 ± 0.05

Sludge (mg g )

TN

TP

20 d

7.30 ± 0.28

4.74 ± 0.01

30 d

8.30 ± 0.28

5.06 ± 0.00

40 d

9.25 ± 0.07

7.37 ± 0.00

49 d

10.75 ± 0.35

7.66

Water

NH4+-N

-1

(mg L )

49 d
-1

NO3-N (mg L )

49 d
-1

TN (mg L )

49 d
-1

PO4-P (mg L )

49 d
-1

TP (mg L )

49 d
-1

0.01
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The assimilated shrimp harvest nutrients from the total inputs were higher than those in
other studies (Funge-Smith and Briggs, 1998, Thakur and Lin, 2003). In an intensive
shrimp system, reported that 32.9% N and 14.2% P from total inputs were recovered
from harvested shrimp, just slightly lower than those of the present study. A 30.4% N
and 16.9% P of input were not accounted for in measured losses. Nitrogen loss was
attributed to denitrification and volatilization (Teichert-Coddington et al., 2000, Jackson
et al., 2003, Mariscal-Lagarda and Páez-Osuna, 2014). While removed sludge retained
the smallest proportion of N (18.9%), the largest quantity of P was trapped in removed
sludge (53.2%). Funge-Smith and Briggs (1998) showed that sludge retained 24% N
and up to 84% P in intensive shrimp ponds in Thailand. Likewise, reported 15–24% N
inputs for intensive ponds without sludge removal at the end of the season. MariscalLagarda and Páez-Osuna (2014) suggest that sludge accumulation was responsible for
the sink of P in an integrated tank with shrimp and tomato.
Table 5.5 Estimation of nutrient mass balances in shrimp ponds (n = 4)
Input
Sin

TN (kg ha-1 cycle-1)

TP (kg ha-1 cycle-1)

%

%

11.0 ± 0.2

1.8

1.3 ± 0.3

0.9

0

0

0

0

575.8 ± 170.9

96.2

140.6 ± 41.7

94.9

11.5 ± 0.0

1.9

6.2 ± 0.0

4.2

598.4

100.0

148.2

100.0

78.4 ± 5.5

13.2

17.1 ± 2.1

11.6

Sout

224.6 ± 50.5

37.5

27.2 ± 6.1

18.3

RSout

113.1 ± 27.1

18.9

78.8 ± 18.9

53.2

212.7 ± 6.2

30.4

25.0 ± 17.9

16.9

598.4

100.0

148.2

100.0

Fertin
Fin
IPW in + WI in
Total
Output
PWHout + WDout

Un-accounted
Total

TN: total nitrogen, TP: total phosphorus, Sin: nutrients in postlarvae shrimp, Fertin:
nutrients in fertilizer, Fin: nutrients in shrimp feed, IPWin: nutrients in pond water before
shrimp stocking, WIin: nutrients in water intake, PWHout: nutrients remaining in pond water
after harvesting, WDout: nutrients in drainage water, Sout: nutrients in shrimp harvest,
RSout: nutrients in removed sediment.
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In this study, the farm was operated without water exchange, so the pond gained only
1.9% N and 4.2% P from water intake. By contrast, approximately 13.2% N (78.4 kg ha 1

cycle-1) and 11.6% P (17.1 kg ha-1cycle-1) was lost from water discharge (during sludge

removal). These values were in closed agreement with those from the literature. For
instance, Funge-Smith and Briggs (1998) reported 27% N and 10% P for the nutrient
budget of discharged water. The proportions of N and P in discharge water of the
present study are comparable to those of closed intensive systems, in which drainage
water contained 14–28% N and 12–19% P (Thakur and Lin, 2003).
5.3.3 Environmental losses of nutrients
Table 5.6 Environmental losses of nutrients for different pond systems and management methods
Systems

Nitrogen
(kg ha-1 cycle-1)

Phosphorus
kg ton-1

References

(kg ha-1 cycle-1)

kg ton-1

Intensive systems
P. monodon

596

92

265

41

(Briggs and Funge-Smith,
1994)

P. monodon

764

112

213

31

(Robertson and Phillips,
1995)

P. monodon

327

93.4

–

–

(Jackson et al., 2003)

L. vannamei

457

116

57

14.6

L. vannamei

333.2

47

113.1

16

This study

(Mariscal-Lagarda
Páez-Osuna, 2014)

and

Semi-intensive systems
L. vannamei

66

36

22

12

(Páez-Osuna et al., 1997)

L. vannamei

19

29

8

12

(Teichert-Coddington
al., 2000)

P. monodon

73

111

38

58

(Shahidul
2004)

L. vannamei

235

71

43

12

(Casillas-Hernández et al.,
2006)

L. vannamei (FD)

214

73

38

13

(Casillas-Hernández et al.,
2006)

Islam

et

FT: feeding tray, FD: feed dispersal device
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Table 5.6 indicates that 333.2 kg N (47 kgN ton-1) and 113.1 kg P N (16 kgP ton-1) of the
nutrients for a hectare per cycle were lost to the surrounding environment. In other
words, Our results noted that for each kilogram shrimp production needed 84.9 g N and
26.1 g P from input sources, and 47.3 g N and 16.0 g P was discharged into the
environment and discharged 50 g N and 16.5 g P to the environment. Similarly,
Mariscal-Lagarda and Páez-Osuna (2014) estimated that environmental losses per kg of
product harvested were 57 g N and 7.1 g P for an integrated shrimp culture. These
results were different from those of semi-intensive and extensive shrimp systems in
which ponds gained nutrients mostly from water intake and fertilizers. Water exchange in
these systems is greater (11% of total pond volume per day) (Casillas-Hernández et al.,
2006) than in an intensive system (little or no water exchange) (Ray et al., 2011). Using
fertilizers augments natural food organisms within a water body as a supplemental food
for shrimp and balances the environmental conditions in ponds because extensive and
semi-intensive ponds usually do not have aerators. Shahidul Islam et al. (2004) reported
that intake water and fertilizers accounted for 55% and 29% of total nitrogen inputs,
respectively. By contrast, the sink of N from the shrimp harvest was only 12% and from
discharge water up to 78%. The high amount of N in effluent was different from that of a
water exchange procedure. However, Casillas-Hernández et al. (2006) noted that more
than 70% N and 50% P inputs were from shrimp feed in semi-intensive shrimp ponds,
respectively.
Shrimp harvest recovered 40.3% TN and 19.5% TP from feed added. These values
were much higher than those of semi-intensive systems. For example, shrimp harvest in
semi-intensive ponds assimilated only 12% TN and 3.3% TP (Shahidul Islam et al.,
2004). Likewise,

revealed that 35.5% TN and 6.1% TP was recovered by shrimp

harvest in semi-intensive ponds in northwestern Mexico. These differences depended
on nutrient sources in shrimp ponds. L. vannamei is an omnivorous species, and it
consumes diverse foods in a pond, including detritus and microorganisms. The
distribution of natural foods in semi-intensive ponds is more available to shrimp, so the
nutrients of inputs from other sources are converted to product (harvested shrimp).
The amounts of nutrients discharges from shrimp systems of this study are lower
comparable with those in semi-intensive ponds reported by Shahidul Islam et al. (2004)
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(78 g N and 25 g P), but higher than the data of Teichert-Coddington et al. (2000), who
estimated approximately 16.8 g N and 2.3 g P discharge to the environment in a similar
system. Environmental losses of nutrients were lower or intermediate when the loads
were expressed in both kg ha-1 cycle-1 and kgN/P ton-1. These values were lower than
reported for other intensive shrimp ponds (Table 5.6). However, environmental losses of
nutrients in the present study were much higher than those in semi-intensive shrimp
ponds when expressed as kg ha-1cycle-1, which indicated that higher intensity has a
greater environmental impact of shrimp aquaculture.
Accordingly, the present study removed sludge periodically on day 20, 30, 40, and 49 of
shrimp culture, reducing the impacts of sludge on the pond environment. Consequently,
pond water was maintained in good condition for shrimp because dissolved oxygen and
ammonia gas concentrations were >6 mg L-1 and <0.1 mg L-1, respectively. Furthermore,
economic efficiency can be improved significantly when productivity is more than 7 tons
ha-1cycle-1. Sludge and effluent from intensive shrimp culture and the environmental
impacts of aquaculture are controlled by sludge removal, especially prevention of
ground water contamination by seepage through the HDPE film at the bottom.
5.4 Conclusions
The present study is the first mass balance of nutrients in intensive shrimp culture on
sandy land using sludge management regime. The input source nutrient in the ponds
was mainly from shrimp feed. While shrimp harvest was the largest sink of N, the largest
amount of P was accumulated in sludge. The results suggest that the shrimp culture in
the system removed sludge periodically can be improved pond water quality.
Concurrently, the environmental losses of N and P are reduced to minimize the risk of
eutrophication of receiving waters.
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Abstract
Using low-cost and naturally available materials is considered an optimal adsorbent for
removing P from water due to its simplicity and economic efficiency. This study
examined the removal of P from water using VAS by batch and column experiments.
The maximum adsorption capacity of P was 2.94 mg g-1, estimated from the batch
experiment according to a Langmuir isotherm. The column study showed a higher
adsorption capacity of 5.57 mg g-1. The breakthrough curve showed that influent water
containing 2 mg L-1 P was completely purified by VAS within 1,230 pore volumes (PV).
The breakthrough and saturation points of the curves were 3,100 PV and 14,875 PV,
respectively. After an adsorption column was loaded with 20,508 PV, a regeneration
procedure was developed to determine whether an ion exchange of P with chloride
occurred or adsorbed P in the columns could be eluted. Approximately 20% of P was
recovered from columns by desorption tests, regardless of NaCl solution or deionized
(DI) water. Specific surface area and mineral concentrations are both important
characteristics that improve the adsorption capacity of VAS. The present study suggests
that VAS is a promising adsorbent to remove P in water.
Keywords: Phosphorus removal, volcanic ash soil, water, desorption
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6.1 Introduction
Phosphorus is one of the major nutrients contributing to the increased eutrophication of
natural aquatic waters. Human activities have resulted in excessive P loading in the
environment. There are several pathways for P to enter natural water bodies, including
agriculture, atmospheric deposition, industry, stream erosion, and seepage from
wastewater treatment systems. Phosphorus loading through runoff from agriculture is
the largest source of the non-point sources (Kröger and Moore, 2011). Its presence
promotes algae growth, and purification is costly (Murphy and Riley, 1962). The P
concentration threshold for eutrophication of aquatic waters is less than 0.02 mg L -1
(Sharpley et al., 1999). Many countries have struggled to remove as much P from
effluent water as possible. Concerns about eutrophication have attracted researchers to
the development of technologies to remove P from water and wastewater.
Phosphorus removal can be achieved by several methods including chemical
precipitation (Yamada et al., 2012), adsorption/ion exchange (Nur et al., 2014, Yang et
al., 2014), biological treatments (Wang et al., 2014), and constructed wetlands (Lu et al.,
2009). Recently, using low-cost or naturally available materials as an adsorbent is
considered a priority for simplicity of operation and economic efficiency. Scientists have
tried low cost adsorbents such as hydrous ferric oxide (Streat et al., 2008), acid mine
drainage sludge , sponge iron and zeolite (Jiang et al., 2013), raw and activated laterite
(Zhang et al., 2013b), and zirconium-loaded okara (Nguyen et al., 2015). However,
these materials may be costly or not readily available in certain geographic areas.
This study examined a natural adsorbent with high sorption capacity and without cost to
remove P in water, volcanic ash soil (VAS or allophanic andisol). Volcanic ash soil
(Kuroboku in Japanese) has contributed significantly to agriculture and forest production.
However, it was not recognized worldwide by soil scientists until the middle of the 20 th
century. Volcanic ash soil is generated in countries or regions where active and extinct
volcanoes are located (Takahashi and Shoji, 2002). Recently, along with economic
development, we attempt to mitigate our concerns about surface water quality due to
eutrophication problems caused by wastewater from highly intensive agriculture or
industrial production. Volcanic ash soil is considered to have good potential as an
adsorbent for P because it is abundant, cost-free, and has unique physical and chemical
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characteristics, such as high specific surface area and high cation and anion exchange
capacities (Maeda et al., 2008, Takahashi and Shoji, 2002). It was suggested for
nutrient removal in wastewater treatment in a multi-soil-layering (MSL) system in Japan
by Sato et al. (2005). The findings showed that removal of P or nitrogen is more
complicated than that of organic matter. In addition, application of the MSL system is not
easy because it needs a design and guidelines for operation. Hiradate and Uchida
(2004) reported that the adsorption capacity of VAS changes depending on competitive
adsorption, inhibition of polymerization, and crystallization of metals. Another study
using a mixture of andosol-bagasse was carried out in a fixed-bed column experiment by
Woumfo et al. (2015), but the adsorption capacity of andosol-bagasse was low (4.18 mg
g-1). We need to develop a simple technology for low-cost and efficient P removal.
Therefore, for the evaluation of P removal characteristics of Japanese VAS, laboratory
scale experiments from water are necessary before it can be applied to the real
conditions. Both batch and column experiments are needed to evalulate the adsorption
capacity and removal efficiencies (Seo et al., 2008). The aim of this study was to
examine the removal of P from water by VAS, an important product of volcanoes.
6.2 Materials and methods
Table 6.1 Physical and chemical properties of VAS used in column study
Parameters

Values

Al (%)

9.11

Fe (%)

3.34

Ca (%)

0.45

Mg (%)

0.75

TC (%)

2.26

TN (%)

0.39

Soil pH (solid: water 1:5)

5.45

Soil EC (dS m-1)

0.145

Specific surface area (m2 g-1)

194.75

Clay (%)

22.58

Silt (%)

31.19

Sand (%)

46.23
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Volcanic ash soil was collected at the National Agricultural Research Center in Ibaraki,
Japan (36o1’ N, 140o3’E) at a depth of 35–55 cm. This depth was chosen for the high
anion and cation exchange capacities, and because surface soil often contains a high
concentration of P while soil layers below 280 cm are not from volcanoes (Maeda et al.,
2008). Soil samples were sieved through 2-mm mesh prior to soil characterization and
experiments. pH and electrical conductivity (EC) of VAS samples were measured at the
soil:water ratio of 1:5 after shaking for 1 hour at 175 rpm using a digital pH meter (F-23,
Horiba, Japan) and EC meter (DS-14, Horiba), respectively (Table 6.2).
6.2.1 Characteristics of VAS
X-ray fluorescence spectroscopy (XRF-1800, Shimadzu, Japan) was used to identify the
chemical composition of VAS (Table 6.1). The concentrations of minerals that can
improve P adsorption by precipitation, such as Fe, Al, Ca, and Mg, were relatively high
and occupied nearly 14% of the total mineral composition. The total carbon (TC) and
total nitrogen (TN) were determined by the combustion method using a C:N Coder
(CMT-700, Yanaco, Japan). The distribution of soil particle sizes was analyzed by the
pipette method . The specific surface area was determined using a nitrogen adsorption
analyzer at 77 K. The Brunauer-Emmett-Teller (BET) standard method, applied in a
relative pressure range of 0.05 to 0.30, was used to determine the surface area of the
VAS samples.
6.2.2 Batch experiment
To evaluate the adsorption performance, a batch experiment was designed to estimate
the P adsorption capacity of VAS. The experiment was conducted in triplicate by adding
1 g soil to 30 mL P solution at concentrations between 5 and 100 mg L -1 (i.e., 5, 10, 20,
30, 40, 60, 80, and 100 mg L-1) in a series of 50 mL centrifuge tubes. After shaking in a
rotary shaker at 130 rpm at constant temperature (25±0.1 oC) for 24 h for adsorption
equilibrium, samples were centrifuged at 3000 rpm for 10 min. The filtrates were
analyzed to calculate the amount of P adsorbed onto the sorbent. These concentrations
were selected after the first test run with concentrations between 0.1 and 3 mg L -1 in
which no P was detected in the supernatant after shaking for 24 h. Hence, a new
experiment with higher concentrations was set to test the sorption isotherm of VAS. The
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amount of P adsorbed onto VAS (Qe) was the difference between initial concentrations
and concentration at equilibrium (Eq. 6.1).
𝑄𝑒 =

(𝐶0 −𝐶𝑒 )𝑉+𝐶𝑏𝑐 𝑉

(6.1)

𝑀

where M is the mass of VAS (g), C0 and Ce are the initial and equilibrium concentrations
of P (mg L-1), Cbc is the concentration of P in blank control tubes, and V is the volume of
the solution (L). Phosphorus sorption parameters were estimated using the Langmuir
and Freundlich models as follows (Moharami and Jalali, 2013):
The Langmuir model:
𝑄𝑒 =

𝑄𝑚𝑎𝑥 𝐾𝐿 𝐶𝑒

(6.2)

1+𝐾𝐿 𝐶𝑒
𝐶

Linear form: 𝑄𝑒 = 𝐾
𝑒

1

𝐿 𝑄𝑚𝑎𝑥

+𝑄

𝐶𝑒

𝑚𝑎𝑥

(6.3)

The Freundlich model:
𝑄𝑒 = 𝐾𝐹 𝐶𝑒 1/𝑛

(6.4)
1

Linear form: log(𝑄𝑒 ) = 𝑛log(𝐶𝑒 )+log(𝐾𝐹 )

(6.5)

where: Qe is the amount of P sorbed onto VAS at equilibrium (mg g -1), KL is the
constants of Langmuir related to binding energy (L mg-1), KF and n are Freundlich
isotherm constant which measure the adsorption capacity and intensity, respectively
(Desta, 2013), Ce is the concentration at equilibrium (mg L-1), and Qmax is the monolayer
adsorption capacity of P onto VAS (mg g-1). A plot of Ce/Qe vs. Ce (Eq. 6.3) gives a linear
line of slope 1/Qmax and intercept 1/KLQmax. The Freundlich parameters were also
determined from Eq. (6.5) by plotting of ln(Qe) vs. ln(Ce) to give the intercept value of
log(KF) and the slope of 1/n.
6.2.3 Column experiment
A packed column application usually provides a better simulation of real conditions. The
experiment was conducted in four replicates using acrylic columns measuring 5 mm in
internal diameter and 10 cm in length. Two grams of VAS was wet-packed with glass
cotton at the top and bottom. The columns were run at room temperature (25 oC ± 1).
Vertical upward flow was maintained by using a peristaltic micro-tubing pump (MP-1001,
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Tokyo Rika) at a rate of 1.67 mL min-1. The columns were pre-washed with several porevolumes (PV) of deionized water to remove impurities and air bubbles. Samples of
effluents were collected every hour from the top of the columns during injection of
influent P solution by using fraction collectors (DC-1200, Eyela, Tokyo Rika) during the
experiment. The P concentration of the influent was set at 2 mg L -1. This concentration
was chosen as representative of P levels of agricultural and industrial wastewaters. The
experimental characteristics of the study are described in Table 6.2 and Fig. 6.1. The
breakthrough point (tb) and operation volume at the breakthrough point (Vb) were
designated as the feed supplied volume to the column up to Ct/C0 = 0.1. Likewise, the
saturation point (ts) and volume at the saturation point (Vs) were determined when the P
concentration of the outlet (Ct) reached 90% of the inlet (C0) (Ct/C0 = 0.9) (Awual and
Jyo, 2011, Nguyen et al., 2015).
The amount of P retained in the soil column (APR, mg g-1) was calculated by Equation 6:
1

𝐴𝑃𝑅 = 𝑚 (𝐶0 𝑉𝑡 − ∑𝑛𝑖=1 𝐶𝑖 𝑉𝑖 )

(6.6)

where C0, Vt are the initial concentration of P in the influent and the total volume of
supplied feed (L), n is the number of fractions of the adsorption experiment, and Ci, and
Vi are the concentration of P and the volume of i-th fraction, respectively.

Fig 6.1 Schematic diagram of VAS column.
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Table 6.2 Operative parameters of columns
Variables

Values

Particle size (mm)

<2

Column diameter (mm)

5

Pore volume (PV) (cm3)

1.23

-3

Bulk density (g cm )

1.0

Column height (cm)

10
-1

Upward velocity (m s )

1.4×10-3

P concentration of influent (mg L-1)

2.0

o

Temperature ( C)

25 ± 1

Mass of VAS (g)

2

pH and EC of effluents
Column adsorption effluent
pH

5.48

EC

0.0042

Column desorption effluent
1. NaCl solution
pH

6.28 ± 0.07

EC (dS m-1)

0.09

2. DI water
pH

6.34 ± 0.03

EC (dS m-1)

0.003

All samples of effluent were filtered through a 0.2 µm filter (DISMIC-25AS, Advantec,
Japan)

to

determine

PO4-P concentrations,

which

were

analyzed

by

the

spectrophotometric method using a continuous flow auto-analyzer (QuAAtro 2-HR, Bltec,
Japan).
6.2.4 Desorption test
This procedure was developed to determine whether ion exchange of P with chlorine or
adsorbed P in the column can be eluted after column adsorption had been loaded with
20,508 PV (19.7 L) of 2 mg L-1 P concentration. The ion exchange and elution
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experiments were conducted in duplicate in the adsorption experiment by loading
upward flows of NaCl solution (columns 1 and 2) or deionized (DI) water (columns 3 and
4) with a velocity similar to that of the P column adsorption experiment. The
concentration (mol L-1) of chlorine in the solution is 10 times higher than the P
concentration of the feed solution. The desorption rate (R), defined as the eluted amount
of P (EAP) from the soil column to the amount of P adsorbed in the adsorption
experiment, was calculated as follows:
𝐷𝑅 =

𝐸𝐴𝑃
𝐴𝑃𝑅

∗ 100

(6.7)

where:
1

𝐸𝐴𝑃 = 𝑚 ∑𝑛𝑗=1 𝐶𝑗 𝑉𝑗

(6.8)

where Cj and Vj are the concentration of P in the desorption effluent and total supplied
volume of desorption operation (L), n is the number fractions of desorption experiment,
and Cj and Vj, are the concentration of P and the volume of j-th fraction.
6.3 Results and discussion
6.3.1 Batch adsorption
Phosphorus was quickly adsorbed onto the soil at a very low equilibrium concentration
(Fig. 6.2), although the initial concentration added up to 100 mg L -1. The adsorption
equilibrium and estimation of parameters were analyzed using the Langmuir and
Freundlich isotherms, which are shown in Table 6.3 and Fig. 6.2. The experimental data
fit these models well, indicating that the models offer a credible method to estimate the
potential adsorption of P onto VAS. The adsorption of P onto VAS increased with
increasing initial concentration ranging from 0.15 to 2.90 mg g-1. Moharami and Jalali
(2013) suggested that the adsorption capacity of P onto adsorbents as a function of feed
concentration at constant temperature (25oC). As indicated by the r2 values, the
Langmuir model (r2=0.985) is better fitted to P adsorption data than the Freundlich
model (r2=0.934). The maximum adsorption capacity for P onto VAS obtained from the
Langmuir model (Eq. (2)) was calculated to be 2.94 mg g-1 and the Langmuir constant,
KL, which denotes the adsorption energy was 16.7 L mg-1. The Freundlich constants, KF
and 1/n, were 3.52 L g-1 and 0.68, respectively. The present study found that a higher
value of KF than previous works (Table 6.3) indicates lower mobility and greater ions
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retention by VAS and high adsorption affinity (Moharami and Jalali, 2013). In addition,
the 1/n constant for the Freundlich model was less than 1 indicated that the adsorption
conditions were favorable (Jiang et al., 2013). While the Langmuir model describes
monolayer adsorption onto a homogeneous surface without interaction among the
adsorbed molecules, the Freundlich model is often used to describe chemisorption
processes (Hu et al., 2015).
The P adsorption capacity of VAS calculated from the Langmuir model was much higher
than those of the previous reports listed in Table 6.3. The adsorption isotherms suggest
a high affinity surface adsorption mechanism for P onto VAS. In addition, in comparison
with other adsorbents such as activated carbon and biochar, VAS is cost-free and can
be easily obtained geologically. Especially, preparation of the products requires no time.
Hence, VAS is the best alternative for an effective material to treat water or wastewater
that contains a high concentration of P in terms of availability and economy.
6.3.2 Phosphorus adsorption index (PSI)
The adsorption capacity of VAS was also evaluated by determining the PSI. The PSI
value, which is a useful indicator of the retention capacity of adsorbent P, is calculated
following Nguyen and Sukias (2002) (Eq.(8)). The P adsorption index was determined by
shaking 1 g adsorbent with 30 mL of 1000 mg L-1 (KH2PO4) for 16 h.
4.0

Qe (mg g-1)

3.0

2.0
Exp. data
Langmuir

1.0

Freundlich
0.0
0

0.3

0.6
Ce (mg L-1)

0.9

1.2

Fig. 6.2 Adsorption isotherms of P onto VAS.
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Table 6.3 Langmuir adsorption isotherm parameters of P removal by different
adsorbents
Adsorbents

Qmax
(mg g-1)

KL
(L mg-1)

Mineral apatite

0.3–1.1

–

–

Acid
mine
1.8–2.4
drainage sludge

–

–

Sugar beet tailing
0.133
biochars

0.03

0.953

Raw laterite

0.90

-7.35

0.993

Activated laterite

1.86

1.27

0.989

Sponge iron

1.11

0.16

0.998

Zeolite

0.303

0.46

0.991

Natural bentonite

0.37

0.01

0.98

Natural Kaolinite

0.62

0.01

0.94

Volcanic ash soil

2.94

16.7

0.985

r2

References
(Bellier et al., 2006)

(Yao et al., 2011)
(Zhang et al., 2013b)

(Jiang et al., 2013)

(Moharami and Jalali, 2013)

𝑄

𝑒
𝑃𝑆𝐼 = 𝑙𝑜𝑔𝐶

𝑡

The present study

(6.9)

where Qe and Ct are the amount of P adsorbed onto VAS (mgP g

-1

) and the

-1

concentration of P in solution (mg L ) after a 16 h equilibration period, respectively. The
result showed that the VAS can retain 4.82 mg g-1 from solution.
6.3.3 Column adsorption
The column experiment indicated that influent water containing 2 mg L -1 P was
completely purified by VAS within 246 h (1,230 PV). In other words, each gram of
adsorbent can completely adsorb 2.46 mg P from an water in the first phase of
adsorption. The breakthrough curve was used to describe the relationship of relative
concentrations of treated water and PV in a continuous adsorption system. In addition, it
provides insights into its properties as an adsorbent such as affinity, specific surface
area, and adsorption pathways (Foo et al., 2013). Table 6.5 and Fig. 6.3 indicate that
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the breakthrough curve point and saturation point were 3,100 PV (300 h) and 14,875 PV,

Relative concentration (Ct/C0)

respectively.
1

1
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0.8

0.6
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0.4

Column-1

0.4

Column-2
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0
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15000

0
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1
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Fig. 6.3 Breakthrough curves of phosphorus adsorption onto VAS.
The breakthrough curve increased quickly after the breakthrough point from 3,100 PV to
10,000 PV (Fig. 6.3). The later appearance of the breakthrough curve point was due to
the low initial concentration of the feed solution and high adsorption capacity of the
absorbent. The breakthrough curve showed a slow increase in the relative concentration
in the last phase (after 10,000 PV). Consequently, more time is required for the ratio of
Ct/C0 to approach 1 because adsorption sites were still available for P adsorbtion onto
the adsorbent (Yin and Kong, 2014) and P precipitated with minerals in VAS soil. The
adsorption sites decreased with the length of the column operation due to P molecule
adherence from continuous inflow. For the breakthrough curve to approach the
saturation point required approximately 14,896 PV of influent per column.
90

Chapter 6

Table 6.4. Phosphorus adsorption capacity for different adsorbents by
column tests
Adsorption capacity
(mg g-1)

Adsorbents

References

Mineral apatite

0.3

(Bellier et al., 2006)

La(III)-loaded SOW gel

13.6

(Biswas et al., 2007)

Acid mine
sludge

drainage

7.0

(Sibrell et al., 2009)

Polymeric
exchangers

anion

4.83 - 16.69

(Awual and Jyo, 2011)

Andosol-bagasse
mixture

4.18

(Woumfo et al., 2015)

VAS

5.75

The present study

Table 6.5 Breakthrough curve parameters for P column adsorption experiment
Columns

tb
(h)

ts
(h)

Vb
(PV)

Vs
(PV)

1

308

1,440

3,203

14,976

5.66

NaCl

20.29

2

288

1,442

2,995

14,997

5.73

NaCl

20.61

3

289

1,408

3,006

14,123

5.21

DI water

18.86

4

299

1,424

3,110

14,810

6.38

DI water

16.79

Mean ±
SD

296 ±
9.4

1429±15.9

3,078
± 98

14,857 ±
165

5.75 ±
0.5

P
Desorption
adsorbed solution
(mg g-1)

DR
(%)

19.1 ±
1.7

tb: breakthrough point, ts,: saturated point, Vb: volume breakthrough point, Vs: volume
at saturated point, DR: desorption rate
Accordingly, the P adsorption capacity of VAS in the columns was 5.75 mg g -1 VAS,
much higher than the adsorption capacity estimated from the batch experiment and
slightly higher than PSI. It is probably because batch experiments were not given
enough time to reach equilibrium. On the other hand, Seo et al. (2008) suggested that
the adsorption capacity in the column experiment was higher than that of the batch
experiment as a result of other mechanisms rather than adsorption in the columns.
Woumfo et al. (2015) found that calcium and magnesium on the surface of the colloidal
VAS (andosol) was precipitated with orthophosphate as a result of the decrease in P
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concentration in solution. The adsorption capacity of VAS in the present study may be
an intermediate adsorption capacity compared with the previous reports listed in Table
6.4 with column studies. However, the adsorption capacity of an adsorbent was affected
by the initial concentration of the solution. Increasing the initial P concentration
increased the adsorption capacity (Awual and Jyo, 2011, Nguyen et al., 2015).
6.3.4 Factors improving adsorption capacities of VAS
The adsorption capacity of an adsorbent is related to its physical and chemical
characteristics, which involve specific surface areas and mineral contents. Bellier et al.
(2006) demonstrated that the availability of adsorption sites improves the adsorption
capacity of adsorbents. The specific surface area of VAS was large (Table 6.1). This is
one of the main reasons the adsorption capacity of VAS was enhanced. The adsorption
dynamic of P increases continuously if the adsorption sites are still available (Reddy and
Delaune, 2008).
The mineral concentrations improve adsorption capacity of adsorbents by precipitation
reactions between P and Fe, Al, and Ca. Hu et al. (2015) found that the specific surface
area was not an important parameter in determining As sorption capacities of Feimpregnated biochar. When adsorption increased beyond the adsorption capacity of an
adsorbent, a precipitation reaction in the remaining P occurred as a result of mineralbound P (Reddy and Delaune, 2008). For this reason, to improve the adsorption
capacity, adsorbents were impregnated with Fe (Rentz et al., 2009) or Ca ((Biswas et al.,
2007). Therefore, along with the specific surface area, mineral contents of an adsorbent
are key factors that affected adsorption capacity.
6.3.5 Effects of other factors on P adsorption
The adsorption capacity of adsorbents decreased with increasing pH due to
orthophosphate was inhibited at high pH. However, adsorption experiment should be
examined at around neutral, because pH lower than 5 or greater than 8.5 caused metal
re-solubilization (Wei et al., 2008). Volcanic ash soil used in the present study contained
a high concentration of minerals (Table 6.1). However, Nguyen et al. (2015) suggested
that breakthrough curve time increased with decreasing pH from 8 to 3 because of the
electrostatic interaction between anionic phosphates species and cationic functional
groups on the surface of adsorbents. On the other hand, Desta (2013) found that the
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effects of pH on adsorption was ranged from pH 1.0 to pH 11.0, maximum P removal
was observed at pH 6.5. The present study was not adjusted pH in inlet solution, and
effluent pH was measured at 5.48 (Table 6.2). The flow rate of this study was set at 1.67
mL min-1 lower than reported by (Nguyen et al., 2015) (12–28 mL min-1). Lower flow rate
increased in the saturation time, resulting in a higher removal efficiency (Woumfo et al.,
2015). Awual and Jyo (2011) reported that adsorption capacity was decreased with an
increase in flow rate, because of less residence time of P in the column (Nguyen et al.,
2015, Zhang et al., 2012). Concentration of feed solution affected breakthrough curve
time. Lower P concentration of inlet solution, longer breakthrough curve it was (Zhang et
al., 2012). Likewise, the breakthrough curve reached the saturation time faster with
increasing initial P concentration due to greater driving force for mass transfer (Woumfo
et al., 2015). Removal P efficiency increased with the adsorbent dose, because
increasing adsorbent dose provide a greater adsorption sites, but decreasing adsorption
capacity (Zhang et al., 2013b, Moharami and Jalali, 2013).
6.3.7 Desorption study
After adsorption of VAS was saturated on the columns, the desorption of retained P was
studied to explore the exchangeable P because the investigation of P desorption is of
significant importance in determining whether P can be recovered from adsorbents
(Jiang et al., 2013). Desorption was studied in order to determine whether the capacity
of a sorbent or sorbate can be regenerated (Hu et al., 2015). Concentrations of P in the
column effluent quickly reached a low of 0.4 or 0.5 mg L -1 after it was flushed with 1,000
PV DI water or NaCl solution (Fig. 6.4). The ion exchange reaction mechanism
decreased the P adsorption capacity of adsorbents (Zhang et al., 2013b). The elution
breakthrough curves decreased gradually to 0.28 mg L -1 at 1,800 PV. The regeneration
rates of P in the VAS column with NaCl solution and DI water were 20.5% and 17.83%,
respectively (Table 6.5). Although the concentration (mol L -1) of NaCl was 10 times
higher than the concentration of P in the feed solution (0.065 µmol L -1), the elution rate
was low.
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Fig. 6.4 Phosphorus elution curves.

. Zhang et al. (2012) reported that the concentration of NaCl from 0.1 to 1.5 mol L -1 did
not affect the recovery efficiency of P (43%) from an activated carbon fiber column
because the eluted solution has sufficient Cl- ions to substitute for adsorption sites.
Likewise, Jiang et al. (2013) showed that the desorption rates of P from sponge iron and
zeolite using 0.02 M KCl solution were 0.51% and 3.98%, respectively. This result
confirmed that the P retained in VAS by precipitation was larger than the physical
retention because minerals bound to P could not be removed at neutral pH. Mineralbound P is often extracted using alkaline (Fe/Al bound P) or acidic (Ca bound P)
solutions (Rydin, 2000). This study suggests that approximately 20% of P saturated
adsorption was easily removed from VAS, regardless of whether it was eluted by
solutions of NaCl or DI water. This may be attributed to the especial character of VAS
that adsorbed P.
6.3.6 Environmental implications
This study suggests that VAS was one of the best adsorbents in terms of effective
removal of P from water and economy of use. We recommend that countries where VAS
is available use it widely for its environmental benefits. It could be suitable for covering
the bottoms of drainage ditches, lakes, and other recipient aquatic systems to improve
water quality that is affected by wastewater with a high concentration of P. However, to
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extend its capacity for water treatment, the adsorption capacities of VAS of other
contaminants should be further studied.
6.4 Conclusions
This study examined the adsorption capacity of VAS by both batch and column
experiments. These findings suggest that VAS is a useful adsorbent for P due to it
intrinsic characteristics. Both experiments showed high adsorption capacities for
removal of P from water. The adsorption capacities of VAS as determined by the batch
experiment, PSI test, and column experiment were 2.94, 4.82, and 5.75 mg g -1,
respectively. Both specific surface area and the mineral concentrations are important
characteristics that improve the adsorption capacity of VAS. The desorption test
indicated that approximately 20% P adsorbed onto VAS can be recovered as available P
by NaCl or DI water. This study suggests VAS is a promising adsorbent for removal of P
from water.
6.5 Application of modified biochar in treating intensive shrimp pond effluent
Phosphorus losses to the environment was very high because shrimp harvest uptake
from the total input was low, 18% (Nguyen and Maeda, 2015), 10–13% (Thakur and Lin,
2003), and only 6% (Funge-Smith and Briggs, 1998). Phosphorus concentration in
effluent of intensive shrimp farm, Central Vietnam was 0.75 mg L-1, exceeding P
threshold level for eutrophication. Therefore, removal P from aquaculture waste water
should be paid more attention. The biochar samples used in this study were produced
from cedar wood. This method has been clearly described by Yokoyama et al. (2007).
To make the Ca-impregnated biochar, about 80 g dried cedar chips were dripped into
1000 mL 1M CaCl2 solution. The mixture then stirred for 24 h at room temperature, dried
at 100 oC for 5 h and cooled in a desiccator. The mixture sample and cedar chip without
dipping (pristine biochar) were put in a crucible with a lid, then pyrolysed in a furnace at
temperature between 600–900 oC at the rate 10 oC min-1 for 1 h and cooled down.
Carbonized samples were dipped into 6M HCl solution for 24 h, washed with water to
remove impurity, and then dried at 80 oC for further testing. The Brunauer-Emmett-Teller
(BET) standard method, applied in a relative pressure range of 0.05 to 0.30, was used to
determine the surface area of the VAS samples. The filtrates were analyzed to calculate
the amount of P adsorbed onto the sorbent.
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Fig. 6.5 The modified biochar procedure (Yokoyama et al., 2007).
Table 6.6 Characteristics of operative parameters of the column
Variables

Values

Particle size (mm)

0.43 – 0.85

Specific surface (g m-2)

315.5

Column diameter (mm)

5

Pore volume (PV) (cm3)

1.76

Bulk density (g m-3)

0.23

Column height (cm)

11

Column diameter (cm)

0.5

Upward velocity (mL min-1)

0.167

P concentration of influent (mg L-1)

0.751

o

Temperature ( C)

25 ± 1

Mass of biochar (g)

0.5

Table 6.7 Breakthrough curve parameters for P column adsorption experiment
Columns

tb

ts

(h)

Vb

(h)

(PV)

Vs
(PV)

qm
(mg g

DR
-1)

(%)

1

12

156

57

886

1.41

4.01

2

12

158

57

897

1.43

3.94

Mean ± SD

12 ± 0.00 157 ± 1.41

57 ± 0.00

892 ± 7.78

1.42 ± 0.01

3.98 ± 0.04
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Fig. 6.6 Breakthrough curve P adsorption in the column.
The breakthrough curve point of Ca-impregnated biochar and pristine biochar were 69.4
and 63.6 pore volumes (PV), and saturated point was at 849.7 and 901.7 PV,
respectively. Accordingly, the adsorption capacity of these biochar in the column was
1.02 mg g-1.

It is indicated that calcium phosphate precipitates are formed at the

different pH values. At pH ~ 7 a compound resembling Ca 3(PO4)2 and at pH ~ 8.5 a
compound resembling CaHPO4 are suggested (Carlsson et al., 1997). The regeneration
rates of P in the Ca-impregnated biochar in the columns with 0.1 M NaCl solution were
4 % respectively. Modified biochar can be applied to the removal of P from intensive
shrimp pond effluent.
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Phosphorus is a crucial element for organism growth and of significance for agriculture
production. High intensification requires increasing in nutrient inputs consequently
higher in nutrient losses to the environment. It is therefore important to monitor carefully
concentration of P both in the field and laboratory scales. Sediment has a significant role
in controlling P concentration in the overlying water, because internal loading is the main
source of P in water. Both agricultural farms in Okayama Bay, Japan and aquacultural
farm in Vietnam are intensive operation modes with high P concentrations in discharge
waters. Each location has their own special characteristic that would be different from
others. The present study was the first investigation for reclaimed land for agriculture,
and aquaculture on sandy land.
The general aim of this thesis is to investigate the potential mechanisms for P in aquatic
systems, and using some models adsorption to predict kinetic adsorption, maximum
adsorption of P onto sediment, volcanic ash soil, and biochar. In addition, internal
loading of P was investigated under different environmental conditions.
7.1 Phosphorus adsorption approaches
Using ambient P concentrations of field water to determine whether sediment acts as a
source or sink of P in water is widely applied in laboratory scale. This is method using
EPC0 as a indicator to evaluate sediment behavior with P in water. Phosphorus
equilibrium concentration indicates a point with equilibrium at which no P
adsorption/desorption between sediment and water. When EPC0 of sediment is higher
than P concentration in drainage water, sediment acts as sink of P. Conversely, as
sediment EPC0 is lower than water P concentration, sediment acts as a source of P in
water. The results showed that all drainage ditch sediments in Kasaoka Bay acted as a
sink of P in drainage water though high P concentration in drainage water was recorded,
indicating the high P loading from agricultural farms. To describe P adsorption kinetic,
sediment and water solution contained a certain P concentration was shaken at different
interval times. The amount of P adsorbed onto sediment is the differences between
initial P and remaining in supernatant solutions. Phosphorus adsorption kinetic was
described using models such Elovich equation, Power function model, the pseudo-firstorder model, and the pseudo-second-order model. Among the models, the pseudosecond-order was the best fitted with experimental data. Sediment adsorption capacity
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was evaluated by using the high ranges of P concentration and shaking in a orbital
shaker for equilibrium. The amounts of P adsorbed onto sediment were fitted well with
Langmuir isotherm models using non-linear analysis regression.
7.2 Forms of phosphorus releases from sediment affecting of pH and oxygen
Sediment from a drainage ditch in Kasaoka Bay was used in this study to evaluate forms
and magnitude of P releases from sediment under different pH levels and
arobic/anaerobic conditions. Three pH levels were designated as acidic, neutral and
alkaline pH, and two oxygen concentrations was designated as aerobic or anaerobic
conditions. The experiments were conducted in a series serum bottles in laboratory
scale. The amounts of P in water were sampled and measured daily for 10 days. The
fractionations of P in sediment was extracted before and after incubation to determine
which fractions released from sediment under such conditions. The experimental results
determined loosely-P was the main fraction released from sediment to overlying water.
Apart from loosely-P, Fe-P was released under anaerobic conditions due to reductive
reactions of iron bound P as oxygen depleted. Consequently, Fe-P is very sensitive
when low pH associated with anaerobic conditions.
7.3 Role of oxygen concentrations in controlling P in overlying water
Oxygen is one of the most important factors affecting P fluxes across sediment-water
interface. The flux of P in the field was determined by measuring pore water P
concentrations in sediment cores and in overlying water using Fick’s first law of diffusion.
In laboratory, the P fluxes were determined as the changes of P concentration in the
water column with time by incubating intact sediment cores and field water under two
distinct levels of oxygen (aerobic and anaerobic). Absolutely aerobic and anaerobic
conditions were maintained by using air pump or daily nitrogen gas purging. Using
serum glass bottles to ensure no gases exchange between inside and outside. The
results

indicated

that

oxygen

concentrations

in

water

columns

regulated

adsorption/desorption of P, the fluxes of P were from water onto sediment under aerobic
conditions and from sediment into water under aerobic conditions.
7.4 High nutrient inputs and outputs from intensive shrimp culture
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Intensive shrimp farming has generated considerable the effects of pond effluents on
nearby aquatic systems. The present study is the first mass balance of nutrients in
intensive shrimp culture on sandy land using sludge removal regime to improve water
quality and manage the wastes from pond. Nutrient mass balance calculation is
determination of quantity the sources and sinks nitrogen and phosphorus in the ponds.
What source or sink should pay more attention to overcome simultaneous economic
efficiency and environmental concern? The result showed that shrimp feed was the main
source of nutrient input which accounted for more than 90%. More than fifty percentage
of P in total input accumulated in sludge. Shrimp harvest assimilated about 40% N and
20% P from total inputs. However, a 30.4% N and 16.9% P of input were not accounted
for in measured losses. The results indicate that 333.2 kg N (47 kgN ton -1) and 113.1 kg
P N (16 kgP ton-1) for a hectare per cycle were lost to the surrounding environment,
lower than previous reports, but higher than semi-intensive ponds.
7.5 Model development of P dynamics in ADD and AP

Fig. 7.1 The conceptual model of P in ADD and AP.
ADD (agricultural drainage ditches), AP (aquacultural ponds), PP (particulate P), OP (organic P),
IP (inorganic P, including loosely-P, Fe-P, Al-P, Ca-P), Orthophosphate (H2PO4-, HPO42-, PO43-).
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Aminot and Andrieux (1996) defined that P dynamic is the concentration of P at the
equilibrium between sediment and water. Models are developed to study the P
dynamics in aquatic sediments and to conduct dynamic prediction of P flux across a
sediment-water interface, and is based on primary mechanisms regulating P behavior in
sediments, including sorption processes, diffusive flux, fluxes/release, and P
transformation through the system. Mathematical models are valuable tools to integrate
the existing knowledge of relevant biogeochemical mechanisms and their interactions,
and to predict the behavior of P in aquatic ecosystems (Wang et al., 2003). Smits and
van der Molen (1993) developed the SWITCH model to predict of nutrient fluxes across
sediment-water interface, but deeper sediment layer is underestimated. The importance
of sediment acting as a source or sink of P has been recognized by many researchers
(Wang et al., 2003, Jin et al., 2005). The most important processes removing P from
water is sorption (Bridgham et al., 2001) Many models have been widely applied to
describe sorption dynamics of sediments such as Power function model (Wang et al.,
2009), Elovich equation (Wang et al., 2009), the first-order-model, the second-order
model. Portielje and Lijklema (1999) applied the Fick’s law to calculate to benthic fluxes
from sediment to overlying water based on the pore water P concentration gradient.
However, the fluxes were overestimate as compared to data obtained from column
release studies. This study showed the diffusive flux in the field was much higher than
flux in laboratory scale. However, Zhang et al. (2013) found that incubated flux of P was
higher than diffusive flux.
7.6 Volcanic ash soil is a promising adsorbent to phosphorus
The characteristics of volcanic ash soil are high specific surface area and mineral
contents. These two characteristics are the most important to an adsorbent. Apart from
these, volcanic ash soil is a natural product without the time requirement for preparation.
Meanwhile batch experiment was conducted to describe P adsorption performance,
column experiment is to simulate with the real conditions for evaluation of P removal
potential. Using Langmuir model to predict adsorption capacity of an adsorbent should
be carried out before column experiment. We can predict the duration of column
experiment based on the batch experimental results. The breakthrough curve showed
that influent water containing 2 mg L-1 P was completely purified by volcanic ash soil
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within 1,230 pore volumes (PV). This concentration was chosen as representative of P
levels of agricultural and industrial wastewaters. The column study showed a high
adsorption capacity of 5.57 mg g-1. However, some other aspects should be elucidated.
First, when we apply the real condition into laboratory scale, the movement of water
should be measured to determined flow rate in the columns. In the case of no data of
water movement, effects of flow rate should be studied. To evaluate the potential of
volcanic ash soil for wastewater treatment, using distilled water may differ because
wastewater contained other contaminant that may have competition adsorption with P.
7.7 Plant waste biochar can be used as an adsorbent to remove P from water
Biochar derived from plant biomass can be used for environmental application.
Adsorption capacity of biochar can be enhanced by impregnating with other minerals
that can precipitate with P. Previous works have proven the increasing P removal
capacity from water by using Fe or Al impregnated biochar. In this study, we used Caimpregnated biochar to remove P from intensive shrimp effluent. Although effluent
contained other contaminants such as NO32-, NH4+, Cl-, biochar showed a high potential
in removing P from water with 1.02 mg g-1. However, experiment should be developed to
examine all contaminants in water, and test the adsorption competition among them for
biochar to elucidate the environmental implementation with biochar.
7.8 Implication for further research
This thesis provides basic information about P in water discharge and accumulation in
sediment from intensive agriculture farming in Japan and aquaculture farming in
Vietnam. These results are fundamental important for further studies. Phosphorus
adsorption/desorption mechanisms have been elucidated. Phosphorus removal from
water was also studied. However, all findings were conducted at a laboratory scale, and
need to be developed in the field conditions for implementation. Volcanic ash soil has
been proven as a promising adsorbent in removing P from water. This is a natural
product with low-cost to apply. However, the effectiveness of VAS in P removal should
be evaluated at field scales before it can be applied widely.
References
Aminot, A. & Andrieux, F. 1996. Concept and determination of exchangeable phosphate
in aquatic sediments. Water Research, 30, 2805–2811.
106

Chapter 7
Bridgham, S. D., Johnston, C. A., Schubauer-Berigan, J. P. & Weishampel, P. 2001.
Phosphorus sorption dynamics in soils and coupling with surface and pore water
in riverine wetlands. Soil Sci. Soc. Am. J., 65, 577–588.
Jin, X., Wang, S., Pang, Y., Zhao, H. & Zhou, X. 2005. The adsorption of phosphate on
different trophic lake sediments. Colloids and Surfaces A: Physicochemical and
Engineering Aspects, 254, 241–248.
Portielje, R. & Lijklema, L. 1999. Estimation of sediment–water exchange of solutes in
Lake Veluwe, The Netherlands. Water Research, 33, 279–285.
Smits, J. G. C. & Van Der Molen, D. T. 1993. Application of SWITCH, a model for
sediment-water exchange of nutrients, to Lake Veluwe in The Netherlands.
Hydrobiologia, 253, 281–300.
Wang, H., Appan, A. & Gulliver, J. S. 2003. Modeling of phosphorus dynamics in aquatic
sediments: I—model development. Water Research, 37, 3928–3938.
Wang, Y., Shen, Z., Niu, J. & Liu, R. 2009. Adsorption of phosphorus on sediments from
the Three-Gorges Reservoir (China) and the relation with sediment compositions.
Journal of Hazardous Materials, 162, 92–98.
Zhang, L., Wang, L., Yin, K., Lü, Y., Zhang, D., Yang, Y. & Huang, X. 2013. Pore water
nutrient characteristics and the fluxes across the sediment in the Pearl River
estuary and adjacent waters, China. Estuarine, Coastal and Shelf Science, 133,
182–192.

107

